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El sueño de una organización espacial de la naturaleza y la sociedad, que permita a las 
generaciones humanas prosperar, podría estar al alcance de la mano..¿es esta una 
buena razón para ser optimista? (Richard T.T.Forman) 
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La presente tesis doctoral tiene como fin evaluar los efectos que sobre la riqueza de 
especies tienen tanto la influencia humana directa, estimada mediante la tala ilegal como 
fuente complementaria de combustible, la accesibilidad humana a los fragmentos de 
bosque y la caza ilegal de aves, como la estructura del paisaje en un área propuesta 
como parque regional natural en los Andes centrales de Colombia. Los resultados de 
esta tesis se encuentran divididos en dos grupos según sus objetivos. En el primer grupo 
se establecen los determinantes de la riqueza de especies tanto para plantas como para 
aves a nivel de paisaje. En el segundo grupo se evalúan diferentes alternativas para la 
planificación y conservación de los fragmentos de bosque y su riqueza de especies. 
Como base general para esta tesis doctoral se establecieron las métricas del paisaje 
mediante el uso de herramientas espaciales cuantitativas. Posteriormente, mediante 
muestreos en campo, se estableció tanto la riqueza de especies de aves como de 
plantas en los fragmentos de bosque natural secundario. Adicionalmente se estableció la 
riqueza de aves forestales presentes en las coberturas vegetales adyacentes a los 
fragmentos de boque y en la matriz del paisaje. Se desarrollaron además encuestas con 
la población local y observaciones directas con el fin de establecer las prácticas y 
actividades humanas que afectan la riqueza de especies al interior de los fragmentos de 
bosque.  
 
Mediante el uso de modelos lineares generalizados (GLM), se establecieron y 
cuantificaron tanto los efectos sobre la riqueza total de especies de plantas como sobre 
las especies pertenecientes a las fases tempranas y tardías de la sucesión natural del 
bosque. Para esto se emplearon variables de paisaje relacionadas con el tamaño, la 
forma y el aislamiento de los parches de bosque, así como la influencia humana, definida 
como la presencia de tala ilegal al interior de los parches. Posteriormente, se 
determinaron los efectos que sobre la riqueza de aves, definidas como riqueza total, 
riqueza de especies comunes y riqueza de especies raras, presentan las variables de 
paisaje e influencia humana. Para determinar el grado de perturbación humana sobre los 
parches de bosque se desarrolló una variable sintética mediante el análisis de 
componentes principales denominada accesibilidad humana. Esta variable se basa en la 
distancia más cercana a carreteras, a villas y poblados, y en la pendiente media de los 
fragmentos de cada parche de bosque.  
 
Para la planificación y conservación de la biodiversidad de los bosques naturales, se 
desarrolló primero una propuesta basada en modelos predictivos de riqueza de especies 
de aves. Este estudio ofrece una herramienta indicadora de la variación potencial de la 
riqueza de especies en función de los cambios en la estructura del paisaje y los niveles 
de perturbación humana. Esta propuesta tiene además la potencialidad de servir como 
herramienta para la selección de sitios de conservación. Con el fin de estimar la riqueza 
de especies de aves al interior de los fragmentos de bosque, se consideró el área del 
parche como indicador de la estructura del paisaje y la protección contra la caza como 
una medida de la influencia humana directa sobre las aves. Como segunda propuesta de 
planificación y manejo de la conservación, se cuantificaron y evaluaron mediante el uso 
de modelos de distancia de coste, las rutas principales y alternativas de conectividad 
entre parches de bosque. Para este propósito se emplearon superficies de fricción 
 basadas en la riqueza de especies de aves obtenidas mediante los muestreos de campo 
en cada una de las coberturas vegetales. Esta metodología permitió de manera confiable 
cuantificar y evaluar los corredores resultantes de las rutas de menor coste, detectando 
potenciales restricciones para el establecimiento de los procesos de conectividad, 
procedimiento fundamental para la planificación de la conservación a escala de paisaje. 
 
Los resultados de este estudio permitieron establecer y cuantificar las variables que a 
nivel de paisaje determinan tanto la riqueza de especies de plantas como de aves. 
Igualmente, estos resultados nos permitieron concluir que la perturbación humana 
directa es una variable tan relevante para expresar la riqueza de especies como toda la 
expresión del paisaje. Esta tesis doctoral además de aportar alternativas para la 
conservación de los fragmentos de bosques y su riqueza de especies, ofrece resultados 
que permiten avanzar en el conocimiento científico relacionado con el efecto de las 
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Evidencias recopiladas desde hace más de 100 años revelan que la relación entre el 
número de especies y el área ha sido el primer patrón descrito entre todos los 
relacionados con la riqueza de especies (Forman y Godron, 1986; Forman, 1995). En 
1859, Watson (citado por Rosenzweig, 1995) realizó la primera descripción de este 
patrón. Años después otros autores llegaron a conclusiones similares (Williams, 1943; 
Munroe, 1953). Sin embargo, no fue hasta 1967 cuando MacArthur y Wilson publicaron 
la teoría de biogeografía de islas, en la cual se describieron los conceptos de tasa de 
extinción y tasa de inmigración para determinar el número de especies en un área 
(MacArthur y Wilson, 1967). Estas tasas permitieron describir y entender mejor los 
términos de ganancia y pérdida de especies, incluyendo (de manera directa) variables 
como el tamaño y la distancia entre hábitats. En 1970, Vuilleumier realizó uno de los 
estudios más importantes sobre la relación especies-área en páramos andinos, siendo 
éste uno de los estudios clásicos sobre la aplicación de la teoría de biogeografía de islas 
en ecosistemas terrestres. Al igual que en las islas, los estudios en los páramos 
demostraron la validez de la teoría, comprobando la importancia del área y la distancia. 
Posteriormente, estudios desarrollados por Brown (1971) y Diamond (1974), confirmaron 
que la riqueza de especies dependía a su vez de las facilidades de colonización y de los 
procesos de extinción, ambos factores relacionados con la habilidades de colonización 
de las especies (Brown y Lomolino, 2000).  
 
El aislamiento, que condiciona las tasas de extinción e inmigración, ha sido definido 
como la medida en la cual el paisaje facilita o impide la movilidad de los organismos a 
través de los fragmentos (Taylor et al., 1993). Por otro lado, la conectividad del paisaje 
ha sido definida como las relaciones funcionales entre los fragmentos de hábitat (With, et 
al., 1997) y como la medida en la cual los organismos, los materiales o las 
perturbaciones se pueden desplazar a lo largo del paisaje (Turner, 1989). La 
conectividad esta igualmente asociada a la capacidad de los organismos para 
desplazarse y a la permeabilidad del paisaje (Taylor et al., 1993; Tishendorf y Fahrig, 
2000). La conectividad puede ser entonces definida tanto desde el punto de vista 
funcional como estructural (Noss, 1987; Simberloff y Cox, 1987). Tanto el aislamiento 
como la conectividad son conceptos ligados a la fragmentación, la cual esta definida 
como la aparición de discontinuidad en un determinado hábitat, o como la transformación 
de un hábitat mediante su partición en fragmentos (Forman, 1995). Entre los principales 
efectos asociados a la fragmentación están la eliminación de los organismos que 
requieren grandes extensiones de hábitat continuo para mantener poblaciones viables 
(Kattan, 1998) y la desaparición de los especialistas de hábitat y su reemplazo por 
especies generalistas (Terborgh, 1989). La fragmentación ejerce sus efectos a lo largo 
del tiempo y de manera continua sobre los reductos naturales existentes, alterando los 
flujos de materia y energía y provocando procesos de extinción aún después de décadas 
(Meffe y Carroll, 1994; Kattan, 1998). Debido a esto, la fragmentación de los ecosistemas 
está entre las principales causas de pérdida de biodiversidad en el mundo (Terborgh, 
1989; Turner, 1989; Meffe y Carroll, 1994; Bowers y Dooley, 1999; Farina, 2000). 
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Además de la fragmentación existen otras transformaciones, como la disección, 
perforación y reducción de los hábitats (Forman, 1995). Los remanentes de hábitat 
experimentan también efectos derivados del efecto de borde, donde fragmentos del 
mismo tamaño suelen tener condiciones más o menos favorables dependiendo de su 
forma, la cual aumenta o reduce el efecto de borde (Laurance et al., 2007). Los límites 
exteriores de un fragmento son una zona de influencia externa de amplitud variable 
donde se presentan cambios en el microclima, en las tasas de depredación y en la 
composición de las especies (Bowers y Dooley, 1999; Saunders y Hobbs, 1991; Temple 
y Wilcox, 1986). 
 
La perturbación de los ecosistemas ha sido también descrita como otra variable 
determinante de la riqueza de especies (Osman, 1977; Connell, 1978; Sousa, 1979; 
Petraitis et al., 1989). Las perturbaciones son eventos relativamente discretos que 
afectan a la estructura de un ecosistema, comunidad o población y que pueden además 
promover cambios en la disponibilidad de recursos o el ambiente físico (White y Pickett, 
1985). Las perturbaciones se dividen en cuatro grupos básicos que incluyen acciones 
causadas por la tierra (movimientos geológicos), el aire (vientos, ciclones), el agua 
(inundaciones y sequías) y el fuego (incendios). En los últimos años se ha incorporado la 
perturbación generada por las actividades humanas (Walker y Willig, 1999; Wilkinson, 
1999). La incidencia de las perturbaciones sobre la riqueza de especies esta definida por 
la frecuencia, extensión y magnitud de la perturbación (Walker y del Moral, 2003). En 
general la capacidad de perturbación humana esta asociada a la capacidad de carga y a 
la resiliencia de los ecosistemas (Walker y del Moral, 2003). Varios autores han 
destacado el papel de las perturbaciones sobre la biodiversidad. Por ejemplo Grime 
(1973), Horn (1975) y, especialmente, Connell (1978) realizaron aportes fundamentales 
para el desarrollo de la hipótesis de la perturbación intermedia, una de las más 
aceptadas en ecología (Wilkinson, 1999). Esta hipótesis establece que los valores 
máximos de diversidad se presentan cuando las perturbaciones en el sistema no son ni 
muy frecuentes ni muy escasas. Esta noción de perturbación intermedia se opone a 
anteriores teorías que definían la máxima diversidad en sistemas no perturbados (Walker 




El paisaje ha sido definido así por diferentes autores: 
 
• Von Humboldt (citado por Farina 2000): el carácter total de una región. 
• González-Bernáldez, 1981: la información que el hombre recibe de su entorno 
ecológico. 
• Forman y Godron, 1986: una porción de territorio heterogéneo compuesto por 
conjuntos de ecosistemas que interaccionan y se repiten de forma similar en el 
espacio.  
• Naveh y Lieberman, 1994: el espacio relacionado con la totalidad de las entidades 
físicas, ecológicas y geográficas, integrando tanto los patrones como los procesos 
humanos y naturales.  
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• Green., 1996: una particular configuración de la topología, la cobertura vegetal, el 
uso del suelo y los asentamientos humanos que delimitan procesos y actividades 
naturales y culturales.  
• Turner et al., 2001: un área espacialmente heterogénea con al menos un factor de 
interés.  
• Burel y Baudry, 2003: un nivel de organización de los sistemas ecológicos superior al 
ecosistema que se caracteriza esencialmente por su heterogeneidad y su dinámica, 
controlada en gran parte por las actividades humanas.  
 
Existe cierta ambigüedad no solo con respecto a la definición misma del paisaje sino 
también con respecto a su escala de acción. Para el desarrollo de la presente tesis 
doctoral, se ha considerado la definición de paisaje dada tanto por Naveh y Lieberman 
(1994) como por Burel y Baudry (2003) donde claramente se integran los procesos y las 
actividades humanas. Esto incluye igualmente la consideración de la escala desarrollada 
por la llamada escuela europea, la cual tiene sus bases en el desarrollo y el manejo del 
territorio en Alemania y Francia y tiene en cuenta principalmente la escala de percepción 
humana, quedando pues excluidas las escalas regionales a continentales y las muy 
locales (pocos metros). Estas restricciones llevan a definir la escala del paisaje en un 





Carl Troll en 1939, introdujo el concepto de “ecología del paisaje” haciendo referencia a 
la geografía y a los elementos humanos allí reflejados. Sin embargo como disciplina de 
estudio, su teoría y aplicaciones no se desarrollaron hasta la década de 1990 (Forman, 
1995; ver también Zonneveld, 1979). La Asociación Internacional de Ecología del Paisaje 
(IALE) se define a sí misma como la sociedad que estudia la variación espacial en una 
diversidad de escalas, incluyendo las causas y las consecuencias biofísicas y sociales 
de la heterogeneidad del paisaje (http://www.landscape-ecology.org). La ecología del 
paisaje busca básicamente relacionar estructuras espaciales con procesos ecológicos. 
De acuerdo con Forman (1995), la ecología del paisaje presenta cuatro retos:  
 
1) Ofrecer oportunidades claras para la investigación y el desarrollo teórico.  
2) Hacer comprensibles las estructuras y los procesos espaciales que relacionan la 
naturaleza y la sociedad a nivel del paisaje.  
3) Agrupar diferentes objetivos ambientales para ofrecer nuevas soluciones a los 
problemas ligados a la utilización del suelo. 
4) Operar a una escala entre lo local y lo global, permitiendo obtener tanto un impacto 
visible como una fuerte probabilidad de éxito a largo plazo.  
 
La ecología del paisaje proporciona además soluciones útiles para dirigir todos los 
objetivos de ordenación del territorio planteados por una sociedad (Forman y Godron, 
1986). Las tres características a considerar en la ecología del paisaje son la estructura, 
la función y el cambio. La estructura se refiere a la relación espacial entre diferentes 
ecosistemas, distribución de energía, materiales y especies en relación al tamaño, forma, 
número, clase y configuración de los componentes. La función explica las interacciones 
asociadas a los elementos espaciales, tales como flujos de energía, materiales y 
organismos entre los componentes de los ecosistemas. El cambio que hace referencia a 
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la alteración de la estructura y la función de los mosaicos de uso del suelo a través del 
tiempo (Turner, 1989; Forman, 1995). Se deduce entonces que la dinámica en la 
ecología del paisaje depende de las relaciones entre las sociedades y su ambiente, 
creando estructuras cambiantes a escala humana en el tiempo y en el espacio. Turner 
(1989) concluye que los patrones observados en un paisaje son el resultado de una 
compleja interacción entre fuerzas físicas, biológicas y sociales.  
 
Se ha definido la conservación a escala de paisaje, Landscape-scale-conservation, como 
la escala en la cual se conciben, planifican, financian y ejecutan proyectos de 
conservación natural, incorporando tanto las actividades culturales como económicas de 
las personas residentes en estos paisajes (Ericson, 2004). Igualmente se han definido 
los paisajes sostenibles como la integración de las cualidades económicas, ambientales 
y socio-culturales en un espacio físico definido y con énfasis en sus funciones en 
términos de bienes y servicio para la gente (Opdam et al., 2005; Blaschke, 2006). 
 
La estructura del paisaje involucra de manera general tres diferentes elementos:  
 
1. Parches, definidos como las superficies no lineares que difieren en apariencia de los 
elementos que los rodean (Forman y Godron, 1986). Según la teoría de biogeografía 
de islas, los parches grandes son en general más complejos que los pequeños y 
poseen un mayor número de hábitats. Además, pueden contener mayores 
poblaciones, por lo tanto sus tasas de extinción son más bajas (Rosenzweig, 1995; 
Forman, 1995). Para el presente estudio se empleó el término fragmento como 
sinónimo de parche y hace referencia a los remanentes de bosque que aun existen 
en la zona 
2. La matriz, definida como la componente dominante del paisaje, el elemento más 
extenso, conectado y que juega un papel esencial en el funcionamiento del paisaje. 
Las características de la matriz incluyen la densidad de parches, también 
denominada porosidad, la heterogeneidad y la conectividad (McGarigal, et al., 2002).  
3. Corredores, definidos como elementos del paisaje que conectan parches similares a 
través de matrices disimilares o agregados de parches. Los corredores son 
generalmente longitudinales, adoptando la forma de franjas angostas, alargadas e 
irregulares, cuya vegetación cumple un papel de protección o de comunicación, 
uniendo o separando elementos dentro de una matriz geográfica. Las áreas o 
parcelas conectadas por corredores suelen denominarse nodos (Turner, 1989; 
Forman, 1995) 
 
Objetivo general  
 
La presente tesis doctoral tiene como objetivo general determinar la importancia relativa 
que tienen la perturbación humana y la estructura del paisaje sobre la riqueza de 
especies aves y plantas de los fragmentos de bosque natural. Especialmente importante 
es el establecimiento de las interacciones entre las variables espaciales de área, 
aislamiento y forma de los fragmentos con las perturbaciones humanas a nivel local. 
Como es bien sabido, el paisaje juega un papel relevante sobre la riqueza de especies 
(Forman, 1995). Sin embargo no se conocen los detalles de la interacción entre el 
paisaje y el grado de perturbación humana a nivel de paisaje. Para cumplir con nuestro 
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objetivo fue necesario además de establecer métricas adecuadas de paisaje, realizar 
estudios de campo que permitieran establecer tanto la riqueza de especies florísticas 
como de aves, e identificar con base en estas observaciones directas las principales 
perturbaciones de tipo antropogénico que están afectando la riqueza de especies. 
Igualmente esta tesis doctoral busca aportar elementos que ayuden en la gestión y 
conservación del paisaje. Tanto la identificación de los factores que determinan la 
riqueza de especies (capítulos 3 y 4) como las propuestas de manejo y conservación 
para el mantenimiento de esta riqueza de especies (capítulos 5 y 6) apoyan el 
establecimiento de un área protegida regional, que estaría basada en el concepto de 
paisajes sostenibles.  
 
Estructura de la tesis doctoral 
 
La presente tesis doctoral esta dividida en capítulos, donde el primer capítulo ofrece los 
antecedentes de esta investigación y algunos conceptos que ayudarán al lector en la 
comprensión de los objetivos propuestos para cada uno de los capítulos subsiguientes. 
El capítulo 2 presenta un breve resumen de la zona de estudio y sus características más 
relevantes. Los capítulos 3, 4, 5 y 6 se presentan en formato de artículo científico en 
inglés. Por último, el capítulo 7 presenta una síntesis basada en los resultados obtenidos 
en los capítulos 3 al 6 y a su vez presenta las conclusiones correspondientes a toda la 
tesis doctoral. A continuación se resumen los capítulos del 3 al 6.  
 
El capítulo 3 analiza cómo la tala ilegal para uso doméstico y la estructura del paisaje 
pueden afectar tanto la riqueza de especies de plantas en los fragmentos de bosque 
natural, como el avance de la sucesión vegetal al interior de los fragmentos. Para estimar 
la riqueza de especies se realizaron muestreos de campo y se estableció tanto la riqueza 
total de especies vegetales, como la riqueza de plantas pertenecientes a las fases 
temprana y tardía de la sucesión secundaria. Este estudio enfatiza la necesidad de 
considerar la perturbación humana dentro de los estudios a nivel del paisaje como una 
variable importante para la determinación de la riqueza de especies. 
 
El capítulo 4 analiza tanto la accesibilidad humana a los fragmentos de bosque como la 
estructura del paisaje y sus efectos sobre la riqueza de especies de aves. Para estimar 
el acceso humano se creo una variable sintética basada en las distancias de cada 
fragmento a los poblados más cercanos, a las vías de comunicación más cercanas y en 
la pendiente total de cada fragmento. Para determinar la estructura del paisaje se 
emplearon variables de área, aislamiento y forma del fragmento. La riqueza de especies 
de aves se determinó mediante muestreos de campo, donde se estableció la riqueza 
total de aves; la riqueza de especies núcleo, aquellas que conforman el núcleo de la 
comunidad; y la riqueza de especies satelitales, también denominadas como raras. Este 
estudio permite determinar cómo la influencia humana interfiere con la bien 
documentada relación área-especies.  
 
El capítulo 5 utiliza modelos predictivos de riqueza de aves como una herramienta para 
establecer prioridades de conservación de los fragmentos tanto de bosque natural como 
en los estadíos avanzados de la sucesión vegetal. Además, establece clusters de 
hábitats, teniendo en cuenta ambos tipos de coberturas forestales. Para la predicción de 
Capítulo 1 
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especies se tuvieron en cuenta dos tipos de variables, el área total del fragmento que 
representa la estructura del paisaje, y una variable de manejo, denominada protección 
contra la caza que corresponde a la influencia humana de los pobladores locales sobre 
los fragmentos de bosque. Este estudio permitió obtener información básica, que 
consideramos fundamental para la toma de decisiones encaminadas a seleccionar y 
proteger fragmentos de bosque natural. 
 
El capítulo 6 cuantifica y compara la conectividad de los fragmentos de bosque en dos 
escenarios identificados como 2001 y 2001+20. Se emplearon modelos de distancia de 
coste con el fin de establecer las rutas y posteriormente los corredores de menor coste. 
Los resultados fueron cuantificados y evaluados con base en los mapas de fricción, los 
cuales se elaboraron utilizando datos de campo que permitieron establecer la riqueza de 
aves en los diferentes tipos de coberturas vegetales. Este estudio permitió establecer 
modelos confiables de conectividad a escala de paisaje 
 
Figura 1. Esquema resumen de la Estructura general de la Tesis doctoral 
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Área de estudio 
 
 
Los bosques andinos son conocidos por su gran cantidad de especies endémicas 
(Gentry, 1988; Henderson et al.,1991) y por su alta riqueza de especies vegetales, 
basada principalmente en el gran número de plantas tanto arbustivas como epifitas 
(Henderson et al.,1991). Debido a su gradiente altitudinal, estos bosques presentan, 
además de cambios en la composición de especies, cambios en la estructura; con 
disminución de la altura del dosel, del número de estratos, del tamaño foliar, de la 
productividad de hojarasca y partes leñosas, así como un aumento en la densidad de 
individuos y un reemplazo de lianas por hemiepifitos (Gentry, 1988; Cavelier y Etter, 
1995). Estos bosques presentan igualmente una gran riqueza de aves: de las 1.870 
especies reportadas para Colombia, el país con mayor diversidad de aves del mundo 
(Salaman et al., 2008), el 55% son de origen andino (Stiles, 1998). Cerca del 10% de 
estas especies son endémicas o casi endémicas (Stiles, 1998), registrándose la mayoría 
en los bosques montanos por encima de los 1.000 m (Stiles, 1998). Debido a su alta 
especificidad de hábitat, estas especies de aves presentan una gran susceptibilidad a la 
extinción local (Renjifo, 2001). Por todo esto, los bosques andinos son uno de los 
ecosistemas más importantes para la biodiversidad del planeta y una de las mayores 
prioridades de conservación a escala global (Etter, 1993; Olson y Dinerstein, 1997; 
Hawkins et al., 2003; Orme et al., 2005). Sin embargo, estimaciones realizadas a finales 
de la década de los 80 advierten de la deforestación del 73% de la cobertura original de 
los bosques andinos en Colombia (Etter, 1993). Ante la falta de información actualizada y 
debido a las constantes presiones agrícolas y urbanas, se asume que la mayor parte de 
los remanentes de bosques andinos ubicados fuera de los espacios naturales protegidos 
se encuentran en peligro de desaparición. La protección de los bosques andinos 
colombianos está a cargo del sistema nacional de áreas protegidas, conformado por el 
Sistema de Parques Nacionales Naturales (SPNN) y por las áreas naturales de carácter 
regional o local (ANRL), las cuales pueden ser de carácter público ó privado, incluyendo 
en éstas a las Reservas Naturales de la Sociedad Civil (RNSC). Existen en la región de 
los Andes Colombianos 25 áreas de conservación nacional (SPNN), con una superficie 
aproximada de 2.900.000 ha, que van desde el nivel subandino hasta los páramos y las 
nieves perpetuas. Por otra parte, las ANRL ocupan cerca de 33.477 ha en total, aunque 
individualmente la mayoría ocupan extensiones menores a 1.000 ha. 
 
El área de estudio comprende 11.421,5 ha y se encuentra en el departamento de 
Antioquia, entre las laderas orientales del valle de Aburrá y el altiplano de Rionegro en 
los Andes Centrales de Colombia. Presenta un rango altitudinal que va desde cerca de 
los 1.800 hasta los 2.735 msnm, aunque la mayor parte de su territorio se asienta sobre 
una topografía ondulada con pendientes moderadas a altas (25-50%), mayoritariamente 
entre los 1.900 y los 2.200 m (ver figura 1). Las temperaturas oscilan entre los 12 y los 
20 oC con una reducción de la temperatura media del aire de 0,60oC por cada cien 
metros de altitud debido a la disminución tanto de la presión atmosférica como de la 
densidad del aire (Barry, 1981; Cleef, 1981). Adicionalmente a los valores de 
intercepción de niebla, los rangos de precipitación están entre los 1.500 y los 2.400 





En conjunto, la zona de estudio tiene una cobertura boscosa cercana a las 850 ha, las 
cuales corresponden al 7,5% del paisaje. La vegetación natural corresponde a bosques 
mixtos alto-andinos ó selvas subandinas, comúnmente denominados bosques de niebla 
(Cavelier y Etter, 1995). El roble andino (Quercus humboldtii) es la especie vegetal más 
representativa de estos bosques con valores del 22,58% en el índice de valor de 
importancia (IVI) (ver IAvH, 1997), mientras el resto de especies forestales presentan 
valores de este índice que oscilan entre 7,99 y 0,40%. Los fragmentos de bosque se 
encuentran caracterizados por seis familias de plantas que contribuyen con el 32% de 
las especies: Lauraceae, Rubiaceae, Orchidiaceae, Melastomataceae, Asteraceae y 
Solanaceae (Aubad, 2005). Igualmente las especies más representativas además del 
roble andino (Quercus humboldtii) son el canelo (Hyeronima antioquensis), silvo 
(Hedyosmum bonplandianum), alfaroa (Myrcia popayanenses), arrayán (Myrcia 
splendens), encenillo (Weinmannia pubescens), sauco (Viburnum cornifolium) y 
cordoncillo (Piper cabellense). 
 
Respecto a las aves, se ha reportado la desaparición en la zona de estudio de 57 
especies en los últimos cincuenta años (Castaño y Patiño 2000). Dentro de la comunidad 
de aves registrada destaca la presencia del cacique candela (Hypopyrrhus 
pyrohypogaster), especie endémica presente en la lista roja de especies de la Unión 
Internacional para la Conservación de la Naturaleza (UICN), al igual que la perdiz 
colorada (Odontophorus hyperythrus). En general predominan especies de las familias 
Furnariidae, Thraupidae, Fringillidae y Tyranidae, siendo además abundantes en estos 
bosques las especies de la familia Trochilidae, llamados colibríes o chupaflores, así 
como palomas (Columbidae), carpinteros (Picidae) y tucanes (Ramphastidae). 
 
La población humana residente en la zona de estudio se calcula en 8.630 habitantes, la 
mayoría dispersos en la zona y con una densidad poblacional de 0,75 habitantes por 
hectárea (Fundación Natura-Holos. 2001). Existen además vestigios de la presencia de 
la tribu indígena Tahami, cuya principal actividad era la explotación y el comercio de sal. 
Sin embargo, no quedaron asentamientos establecidos después del período de la 
conquista. El proceso de repoblación humana de la zona ocurrió entre los siglos XVIII y 
XIX y estuvo asociado a la extracción de sal y oro (Fundación Natura-Holos. 2001). Sin 
embargo, la minería perdió toda su importancia hacia 1930, dando paso a la actividad 
agrícola. 
 
Históricamente la agricultura ha estado orientada a la producción de papa (Solanum 
tuberosum), mora (Rubus sp), zanahoria (Daucus carota), tomate de árbol (Solanum 
betaceum), fríjol (Phaseolus vulgaris), arveja (Pisum sativum), maíz (Zea mays) y 
diversos tipos de flores (Corantioquia UN, 2002). Las explotaciones agrícolas tienen el 
carácter de minifundios, que se cultivan bajo las modalidades de monocultivo, cultivos 
asociados y en menor escala, rotación. La propiedad de la tierra es a base de pequeñas 
unidades, tradición que se remonta tres siglos atrás (Fundación Natura-Holos. 2001). Las 
actividades extractivas en los bosques han pasado de ser una práctica generalizada a 
una práctica alternativa debido a las restricciones ambientales, al mayor esfuerzo en 
vigilancia, mayor nivel de educación y al acceso a nuevas fuentes de empleo. Sin 
embargo, el uso y comercialización de los productos procedentes del bosque aun sigue 
siendo un factor importante tanto para la economía local como para la pérdida de 
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biodiversidad (Aubad et al., 2008). Las actividades extractivas se desarrollan 
principalmente con el propósito de complementar los bajos salarios, disminuir las 
facturas de energía (mediante la extracción de leña como combustible alternativo) y 
sobrellevar períodos de desempleo (observación personal).  
 
 
Figura 1. Ubicación de la zona de estudio y modelo digital del terreno (en msnm) desarrollado con 
base en la cartografía digital elaborada por el proyecto Corantioquia UN, 2002. 
 
Políticamente la zona de estudio está bajo la jurisdicción de cinco municipalidades 
diferentes (Medellín, Envigado, Bello, Copacabana y Guarne). Existe gran interés por 
establecer un área protegida regional (ver Corantioquia UN, 2002), bajo los criterios de la 
conservación a escala de paisaje (landscape-scale conservation), procurando proteger 
tanto la diversidad de especies como los servicios ecosistémicos, asociado además a la 
mejora del bienestar social de sus pobladores. Se destaca el interés no solo de mantener 
los beneficios económicos de las actividades tradicionalmente productivas, sino también 
el desarrollo de nuevas actividades como el turismo rural y de naturaleza. Esta última 
actividad cuenta con gran interés debido a que no sólo ofrece un claro beneficio 
económico a los pobladores, sino que también supone una gran oportunidad de uso 
recreativo para los habitantes de los grandes centros urbanos ubicados en los cercanos 
valles interandinos. Por esta razón, los resultados derivados de la presente tesis doctoral 
tienen potencialidades para ser significativos no solo desde el punto de vista científico, 









Aubad, J., 2005. Fragmentación de Hábitats y Diversidad de Especies Leñosas en un Paisaje de 
los Andes Centrales de Colombia. DEA Disertación diploma estudios avanzados, Universidad 
de Alcalá. Alcalá de Henares, Spain.  
Aubad, J., Aragon, P, Olalla-Tarraga, M. A., Rodríguez, M.A., 2008. Illegal logging, landscape 
structure and the variation of tree species richness across North Andean forest remnants. 
Forest Ecology and Management. 255,1892-1899 
Barry, R. G., 1981. Mountain weather and climate.. Graham. Published, Methuen. London, New 
York. 
Castaño, G.J., Patiño, J.C., 2000. Cambios en la composición de la avifauna en la parte alta  
 de la cuenca de la quebrada santa Elena durante el siglo XX.  Forest engineering Thesis. 
Universidad nacional de Colombia. Medellín.  
Cavelier, J., Etter, A., 1995. Deforestation of montane forests in Colombia as a result of  
 illegal plantations of opium. In S.P. Churchill, H. Balslev, E. Forero and J.L.  Luteyn, eds. 
Biodiversity and conservation of neotropical montane forests. Proceedings: 541-550. New 
York, USA, New York Botanical Garden. 
Cleef, A.M., 1981. The Vegetation of the Páramos in the Colombian Cordillera Oriental. 
Dissertationes Botanicae 61. Cramer, Vaduz. 
Corantioquia, Universidad Nacional de Colombia (UN)., 2002. Indicadores de Conectividad de 
Bosques en Arví. Corantioquia. Medellín. 
Etter, A., 1993. Diversidad ecosistémica en Colombia hoy. In: Cárdenas, S. and Correa,  H.D., 
1993. Nuestra Diversidad Biológica. Fundación Alejandro Escobar, Colección María Restrepo 
de Angel, CEREC, Bogotá, Colombia. 
Fundación Natura - Holos. 2001 Informe del Plan Maestro parque regional Arví. Medellín. 
Gentry, A. H., 1988. Changes in plant community diversity and floristic composition on  
 environmental and geographical gradients. Annals of the Missouri Botanical. Garden 75, 1-34. 
Hawkins, B.A.,  Porter, E., Diniz-Filho, J.A.F., 2003. Productivity and history as predictors  of the 
latitudinal diversity gradient of terrestrial birds. Ecology 84, 1608-1623. 
Henderson, A., Churchill, S.P. Luteyn, J.L., 1991. Neotropical plant diversity. Nature 351, 21-22. 
Olson, D.M., Dinerstein, E., 1997. The Global 2000: A Representation Approach to Conserving the 
Earth's Distinctive Ecoregions, World Wildlife Fund.  
Orme, L. D., Davies, R., Burguess, M., Eigenbrod, F., Pickup, N., Olson, V., Webster, A., Ding, T., 
Rasmussen, P., Ridgely, R., Stattersfield, A., Bennet, P., Blackburn, T.  
Gaston, K., Owens, P.F., 2005. Global hotspots of species richness are no congruent with 
endemism or threat. Nature 436, 1016-1019. 
Renjifo, L.M.,  2001.  Effects of natural and Anthropogenic landscape matrices on the  
 abundance of subandean species.  Ecological applications 11, 14-31. 
Salaman, P., Donegan, T., Caro., D., 2008. Checklist to the Birds of Colombia 2008 / Listado de 
Aves de Colombia 2008. Fundación Proaves.  
Stiles, F. G.,1998. Aves endémicas de Colombia; en: M. E. Chaves and N. Arango (eds.)  Informe 
nacional del estado de la biodiversidad. Instituto de Investigaciones Biológicas Alexander von 
Humboldt, Bogotá, pp. 378-385. 
IAvH-Instituto de Investigaciones de Recursos Biológicos Alexander Von Humboldt, 1997. Informe 






























Illegal logging, landscape structure and the variation of tree species 
richness across north Andean forest remnants 
 
  
Jorge Aubad, Pedro Aragónb, Miguel Á. Olalla-Tárragaa, Miguel Á. Rodrígueza, 2008. 
Forest Ecology and Management 255,1892-1899. 
 
aDepartamento de Ecología, Facultad de Ciencias, Universidad de Alcalá, 28871 Alcalá de 
Henares, Madrid, Spain  
bDepartamento de Biodiversidad y Biología Evolutiva, Museo Nacional de Ciencias Naturales, C/ 





We explored the influence of a common practice in tropical countries, namely illegal 
logging for household consumption (ILHC), as well as that of characteristics of habitat 
structure on the variation of tree species richness across 10 cloud forest remnants of a 
Colombian Andean landscape. We estimated species richness for total, early and late 
successional tree species for each forest fragment. We also generated a binomial ILHC 
variable and six quantitative habitat descriptors related to patch size, shape and isolation. 
The data were analyzed with generalized linear models (GLMs) and model selection 
techniques based on Information Theory, complemented with partial regression analyses. 
We found that the presence of ILHC decreased the number of species for all tree groups, 
being this variable the major driver of richness variation across forest remnants. Our 
analyses also indicated that landscape characteristics played secondary roles in 
determining tree richness in all cases. Additionally, stronger negative impacts of ILHC on 
late successional tree species suggest that these logging activities are likely to move 
back ecological succession towards earlier stages of this process. As far as we know, this 
is the first study documenting the relative importance of ILHC practices against landscape 
structure for tree species richness. Our results strongly emphasize the need to consider 
ILHC in investigations and conservation initiatives involving tree species richness in 
fragmented tropical landscapes. 
 
Keywords: Fragmentation; Landscape ecology; Anthropogenic disturbance; Plant 




Forest clearing by legal or illegal logging is a major ecological problem worldwide and, 
particularly, in South America due to the high current rates of deforestation that are taking 
place in regions such as the Andes and Amazonia (Bilsborrow and Ogengo, 1992, Skole 
et al., 1994, Laurance, 1999 and Etter et al., 2006). This reduction of forested areas often 
leads to both habitat insularization, which in turn affects local and regional patterns of 
biodiversity by altering dispersal and migration processes, and degradation or loss of 
unique habitats such as the Andean forests (Soule and Kohm, 1989, Laurance and 
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Bierregaard, 1997, Scariot, 1999, Armenteras et al., 2003 and Etter et al., 2006). Andean 
forests are recognized as a prime world hotspot (Orme et al., 2005), and represent a 
major priority for conservation because of their extraordinary species richness and 
endemicity, and because many of their constituent species are severely threatened 
(Olson and Dinerstein, 1997). Yet, Andean forests remain among the less studied 
ecosystems of the planet (Stadtmuller, 1987 and Killeen et al., 2007). 
 
Colombia constitutes a paradigmatic example. Indeed, being a megadiverse country 
(Myers, 1988), had lost over 73% of its continuous montane forests by the late 1980s 
(Cavelier and Etter, 1995) and, as a consequence of this historic deforestation, the 
Colombian government declared nearly 2,900,000 ha of forests and other ecosystems as 
protected to restrain this process. Still, the conversion of forests into ecologically 
simplified introduced grasslands and cropping areas keeps to be undertaken at very high 
rates (Alvarez, 2002 and Etter et al., 2005), a process that has been predicted to 
intensify, especially in the Andean region (Etter et al., 2006). 
 
This strong pressure on forest ecosystems coexists with an activity that is common to 
most rural areas of Latin America and other developing regions: the extraction of fuel-
wood for household consumption (Masera and Navia, 1997, Geist and Lambin, 2001 and 
Bishwa, 2007). Although we are not aware of any formal account of the extent of this 
logging activity in Colombia – possibly because it is nowadays performed illegally in most 
instances –, it is generally known that, historically, it has been the primary source of fuel 
for cooking and heating for most Andean rural families, and still continues to be key for 
many of them, which very often use fuel-wood as a way to lowering their electricity bills. 
From a biodiversity conservation point of view, this widespread illegal logging for 
household consumption (hereafter ILHC) can be expected to aggravate the effects of 
other sources of habitat loss and fragmentation on the biotas of forested landscapes (see 
below). However, to what extent this is the case cannot be established since, to our 
knowledge, no empirical forest fragmentation studies exist that had also investigated the 
ecological consequences of ILHC, neither in Andean regions, nor in any other forested 
areas. 
 
In this context, the present study was carried out in a Colombian Andean landscape of 
11431 ha in which forest clearing and fragmentation had been intense more than 50 
years ago, and is aimed at documenting the relationships of tree species richness with 
current ILHC and major habitat characteristics (estimated through landscape variables of 
patch area, shape and isolation). Because reactions to these factors might differ amongst 
plant species (Macarthur and Wilson, 1967, Bierregaard et al., 1992, Taylor et al., 1993, 
Forman, 1995, Laurance et al., 1998 and Brown and Lomolino, 2000), we generated 
three richness variables, one including all species, and the others involving early and late 
succession species. We ask two questions. First, what are the effects, if any, of ILHC on 
tree species richness? Second, what are those of landscape characteristics? 
 
Another widespread and frequently illegal logging activity performed at small-scale by 
peasants of developing countries pursues to sell the cut trees in the timber market (Geist 
and Lambin, 2001 and Tacconi, 2007). This generally consists in a highly selective 
harvest (“highgrading”) of the larger (and older) trees of species with elevated marketable 
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values (see Geist and Lambin, 2001 and references therein), which has been shown to 
modify the species composition and structure of the affected forests (Pollmann, 2002 and 
Echeverría et al., 2007), and to translate them to earlier successional stages (e.g. 
Pollmann, 2002, Staus et al., 2002 and Echeverría et al., 2007). However, based on our 
previous experience in the study area, this market-driven logging is absent there, while 
most existing tree species appear to be affected by ILHC, which would exert a different 
kind of tree extraction. Indeed, possibly because of its illegal nature, coupled with the fact 
that the cut wood is carried on foot or, less often, with the help of mules or horses, ILHC 
appears not to differentiate among species, although it does concentrate on tree saplings 
as these can be rapidly cut and transported. Given the lack of previous research, our 
expectations on the effects that this illegal logging activity may have on within patch tree 
species richness were rooted on basic ecological ideas. 
 
First, a long-standing tenet of community ecology is that multispecies assemblages are 
typically composed by a few abundant species, some intermediately abundant species, 
and a majority of species that are represented by a reduced number of individuals (e.g. 
Hanski, 1982). This latter characteristic means that species extinctions are very likely 
under recurrent extirpations of individuals, even if these were all small (i.e. a reduced 
number of individuals is removed each time) and completely species-unspecific. 
Accordingly, we hypothesized that the ILHC-affected forest patches will exhibit less 
species richness than the unaffected ones in the studied landscape. Second, because a 
common characteristic to early successional species is to posses good dispersal 
capabilities, we expected smaller effects of ILHC on the species richness of this group 
than on that of late successional trees, which would be less capable of recolonizing the 
patches from which they have been driven extinct by this activity (see e.g. Kammesheidt 
et al., 2002). Finally, we also investigated whether landscape attributes such as patch 
size, shape and connectivity affected within patch tree species richness, albeit these 
aspects have been previously found not to be as important for tree richness variation as 
tree cutting in studies involving other small-scale, market-driven logging activities 
(Echeverría, 2005, Ingram et al., 2005 and Echeverría et al., 2007). 
 
To our knowledge, this is the first investigation of its kind carried out in cloud Andean 
forests, however variables of patch shape, isolation and, specially, area have been 
frequently shown to condition plant species richness variation in fragmented forests 
located elsewhere in the world (Laurance et al., 1998, Honnay et al., 1999 and Hill and 
Curran, 2003). Additionally, we are not aware of any study that had compared the relative 
importance of habitat loss and fragmentation with that of ILHC for plant species richness, 
so the results of our study have the potential of generating insights of general interest. On 
the other hand, the studied landscape comprises some of the scarce remnants of cloud 
forests that are left in the area, and is currently under evaluation by the Medellín City 
Environmental Office for being converted into a regional conservation area. Therefore, 
our results have also the potential of being used by initiatives and policies aimed at 









Study area and sampling procedures 
 
The studied landscape is located in the Central Andean Mountains, in the province of 
Antioquia, Colombia (Fig. 1), and was initially delimited following a topographic criterion 
that took into account the altitudinal distribution of the Andean Oak (Quercus humboldtii) 
dominated forests in the area; that is between 1800 and 2700 m (see Gentry, 1982). The 
distribution of forest fragments across this latitudinal band is very sparse, but we 
concentrated on an area that is being considered to be converted into a regional 
conservation park by the City Council of Medellín because of the comparatively well 
preserved characteristics of the forest patches it comprises. Despite this, we also took 
into account the forest fragments and other landcover types laying in the vicinity of this 
area for the calculation of the landscape variables (see below). The topography consists 
in low hills occurring at the center of the area, and high elevations in its surroundings. 
Mean annual temperature is 14.9 °C, and mean monthly maximum and minimum 
temperatures are 20 °C and 5 °C, respectively. Mean annual rainfall varies from 1500 to 
2200 mm and exhibits a bimodal pattern with wet periods occurring in March–May and 
October–November. The soils are acidic and poor in nutrients, although with high organic 
matter content. Potential vegetation is the characteristic high-Andean tropical forest, also 
known as cloud forest (see Toro, 2000 for a more detailed description of the area). 
 
To map the forest fragments, we used a detailed cartography elaborated by a 
conservation project carried out by two public institutions, the Corporación Autónoma 
Regional del Centro de Antioquia and the Universidad Nacional (UN) (Corantioquia-UN, 
2002). This cartography differentiates 10 landcover types from which we first recognized 
18 potential fragments for the study. We used the Spatial Analysis module of ArcView 3.2 
to pin point the fragments that had both, an edge area (i.e., a forest strip 100 m wide), 
and a core area (i.e. that located at a distance of ≥100 m apart from the fragment edge) 
(Forman, 1995). Only 10 patches met this criterion, so we excluded the remaining 
fragments from the study because they lack the interior habitat that characterizes natural 
forests. 
 
The tree layer of the selected fragments was characterized by six plant families, which 
contributed 32% of the species; namely, Lauraceae – the dominant tree species group in 
the altitudinal band occupied by Andean forests (Gentry, 1982) –, Rubiaceae, 
Orchidiaceae, Melastomataceae, Asteraceae and Solanaceae (Aubad, 2005). According 
to their tree species composition, this author classified the fragments as being 
representative of high-Andean tropical forest dominated by Andean oak (Quercus 
humboldtii), in which Hyeronima antioquensis, Hedyosmum bonplandianum, Myrcia 
popayanensis, Myrcia splendens, Weinmannia pubescens, Viburnum cornifolium and 
Piper cabellense are also common; as well as characteristic species of secondary forests 
such as Clethra fagifolia, Clusia multiflora, Clusia cuneifolia, Hedyosmum 
bomplandianum, Cavendishia pubescens and Cavendhisia bracteata, Befaria aestuans, 
Miconia theaezans, Miconia resima, Meriania nobilis and Viburnum anabaptista. 
Additionally, using Principal Components Analysis and abundance data of the tree 
species present in at least three fragments, this author also found no compositional 
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differences between fragments that experience ILHC and fragments that do not (see 
below), supporting that the aforementioned basic compositional structure is common to 




Fig. 1. Study area in the central Andes of Colombia, showing locations of forest fragments used in 
the study (dark patches on the left). 
 
We sampled these fragments between October 2003 and June 2005 within the 
framework of the Corantioquia-UN conservation project. In all cases, we included all 
individuals of woody and palm species (hereafter regarded as tree species for brevity) 
with a diameter at breast height >2.5 cm, so we are confident that differences in sampling 
dates did not cause any important bias in our richness estimates. The sampling involved 
five 50 m × 4 m rectangular plots randomly located throughout each fragment. All 
individuals meeting the abovementioned criteria were noted and identified at the species 
level. Samples of all doubtful specimens were collected and identified with the help of the 




 We generated three species richness variables which included total, early and 
late successional species. We assigned successional stages to species by checking the 
primary botanical literature and electronic databases, which allowed us to classify 85% of 
the species. This means that the richness variables we generated for early and late 
successional species do not include some species (15%) and, hence, have to be 






We generated a ILHC variable indicating the presence or absence of this activity in the 
patch. We verified (through numerous informal interviews with local people and personal 
observations) that what made a difference on ILHC pressure was the existence or not of 
surveillance in each forest fragment. So our variable differentiated fragments that had 
some kind of surveillance (either by private owners or by forest rangers in the case of 
fragments with some kind of public protection) from those that had not. According to this, 
we catalogued six forest fragments as relatively protected (i.e., Aguada, Asturias, 
Chorrillos, Comfenalco, La Eca and Silletero) and four as not protected (Espiritu Santo, El 
14, La Parra and Vásquez). We did not take into account other possibilities to estimate 
ILHC pressure (such as human population density, distances to villages or roads, or other 
accessibility metrics), particularly because virtually all the ILHC carried out in the study 
area is illegal and, in consequence, can be even more intense in more isolated areas. 
Additionally, we used the Corantioquia-UN (2002) cartography and ArcView 3.2 
combined with FRAGSTATS 3.3 (Mcgarigal et al., 2002) to generate six landscape 
variables. Patch size metrics were area and core area, the first variable including the total 
area of each fragment, and the second variable resulting after discarding a strip of forest 
100 m wide from the edge of the fragment ([Forman, 1995] and [Turner et al., 2001]). 
Isolation variables were edge-to-edge nearest neighbor distance (NND) and the edge 
contrast index developed by Mcgarigal and Marks (1995), both of which were calculated 
taken into account the studied landscape as well as the forest fragments and other 
landcover types surrounding it. NND represents the shortest distance between the focal 
fragment and its nearest fragment. Edge contrast index has into account the habitats that 
are in contact with the perimeter of each forest fragment and the relative length of this 
contact. To do that we verified that forest patches were surrounded by four landcover 
types; namely, timber plantations, grasslands, brushes, and thickets. Although the tree 
species contribution of these habitats to the forest patches is expected to be weak 
(specially in those in which virtually no native trees are found, such as in forest 
plantations and grasslands) their different nature might be a relevant determinant of the 
potential of tree dispersers to reach the forests. Shape metrics included the perimeter of 
each fragment, and the Patton's shape index (see Mcgarigal and Marks, 1995 for details). 
The latter is a dimensionless circularity metrics, that is both theoretically and empirically 




We used generalized linear models (GLMs) by specifying a Poisson distribution and a 
log-link term because all response variables (species richnesses) were in the form of 
counts (Mccullagh and Nelder, 1989). Since all models were initially run with more than 
two predictors, “best models” (i.e. those providing maximum fits with fewer predictors) 
were identified with model selection techniques based on Information Theory (Stephens 
et al., 2007). Modelization consisted in two phases. First, to avoid including highly 
collinear variables in the modeling process, we calculated the Pearson correlations 
among explanatory variables to look for highly redundant variables (r > 0.8). Provided 
that two variables were highly correlated, we discarded the one describing a lower 
proportion of deviance of the richness variables for further analysis (see Mccullagh and 
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Nelder, 1989, Teixeira et al., 2001 and Quinn and Keough, 2005). Second, with the 
remaining variables, we generated all possible models (resulting from all possible 
combinations of predictors) and then evaluated their relative support. Specifically, we 
used the Akaike Information Criterion (AIC) combined with ΔAIC indexes (i.e. the 
difference between the AIC of the model being analyzed and the minimum AIC found) to 
compare the performance of the models by using the rule that ΔAICs > 10 indicate poor 
fits relative to the best model, while ΔAICs ≤ 2 correspond to good models (Burnham and 
Anderson, 2002). We also used the ΔAICs to calculate the Akaike's weighting of each 
model (wi), a value that can be interpreted as the probability that model i is actually the 
best explanatory model ([Anderson et al., 2000, Burnham and Anderson, 2002 and 
Olalla-Tárraga et al., 2006). We complemented these techniques with partial regression 
analysis, which we used to partition the deviance explained by landscape effects and 
ILHC into independent and covarying components (see Hawkins et al., 2003). 
Additionally, we used the Wald statistic with Poisson errors and a log-link function to 
detect differences in total, early and late successional species richness values between 
logged and unlogged patches. P-Values from these analyses were Bonferroni-corrected 




The number of tree species recorded in the study area was 232, with a mean (±S.D.) 
number of species per fragment of 72.3 (±18.4). Of these, the proportions of early and 
late successional tree species (generated taking into account the subset of species for 
which it was possible to establish these attributes; see Section 2) were 60.4% and 39.6% 
in the landscape, with mean proportions of 69.2% and 30.8% in the patches, respectively. 
ILHC had significant effects on total, early and late successional tree species richnesses 
which were lower in the patches encompassing this activity (Table 1). In addition, most of 
the deviance of total tree richness (92%) was described by this variable, thus indicating 
the overwhelming importance of ILHC for tree species persistence in the studied 
landscape (Table 2). ILHC was also the best single predictor of early and late 
successional tree species richnesses, albeit the percentages of described deviance were 
not so high in these cases, particularly in that of early succession tree species, a result 
which is in agreement with the usually large capabilities of recovery after disturbance of 
early successional organisms. With regard to the six landscape structure variables, all 
species richnesses were, in general, much weakly associated with them, as indicated by 
the relatively low percentages of deviance they described (≤31.3%). Of these, edge 
contrast index was the best landscape predictor for total and late successional species, 
and the second best for early successional species, being these relationships positive in 
all cases (Table 2). In opposition, nearest neighbor distance was the poorest descriptor of 
richness in all cases, indicating that distance between forest patches has weak or no 
effects on richness in this landscape. Finally, the variables of area and shape were 
intermediate predictors of richness in general, albeit late succession species richness 







Table 1.  
Mean and standard error richness values for all, early and late successional tree species in logged 
(ILHC) and unlogged (no ILHC) Andean forest patches 
 
Richness Logging  
No logging 
 Wald P 






   
Total 51.75 2.75 86.00 2.25 38.11 <0.0001 
Early succession 32.00 3.20 44.67 2.61 9.63 0.0019 
Late succession 11.25 1.93 21.83 1.58 14.72 0.0001 
 
The Bonferroni value for three interrelated analyses and an α = 0.05 is 0.01666 which, according to 
the P-values resulted in the analyses, means that all comparisons were statistically significant. 
 
 
Table 2.  
Association of total, early and late successional tree species richness with ILHC and six landscape 
structure variables in Andean forest patches 
 
Attribute Variable Tree species richness  





Illegal logging Logging 92.4 (−) 55.9 (−) 71.3 (−) 
Area Total area 23.9 (−) 20.8 (−) 9.5 (−) 
 Core area 17.9 (−) 10.1 (−) 2.8 (−) 
Shape Shape index 6.9 (+) 19.2 (−) 14.9 (−) 
 Perimeter 18.6 (−) 29.8 (−) 19.5 (−) 
Isolation Edge contrast 30.9 (+) 27.3 (+) 31.3 (+) 
 NND 2.0 (−) 1.02 (+) 0.7 (−) 
 
The percentage of deviance described by each variable, and the sign of each relationship 
generated through simple correlation (in brackets) are provided for each species richness estimate. 
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Strong correlations between the two variables of area, and between those of shape (see 
Table 3) led us to exclude core area and shape index (i.e. the variable less associated 
with species richness in each case; see Table 2) from multiple regression analyses to 
minimize collinearity. The model selection process rendered five good models (i.e. with 
ΔAICs ≤ 2) which were identical for all three species richness variables; namely, a single-
factor model including ILHC, and four two-factor models including this variable and a 
landscape variable (Table 4). Although in all cases the models including ILHC only were 
the best ones, their relatively low support (w-values =  0.24) did not allow to discard 
any of the other models; suggesting that landscape structure might play some secondary 
role after ILHC in determining tree richness. 
 
Table 3.  
Pearson correlations among six landscape variables indicative of three attributes of Andean forest 

















Area Total area 1     
 Core area 0.893 1    
Shape Shape index 0.399 −0.051 1   
 Perimeter 0.665 0.265 0.946 1  
Isolation Edge contrast −0.763 −0.558 −0.557 −0.698 1 
 NND 0.463 0.615 −0.212 −0.023 −0.162 



















Table 4.  
Best multiple Poisson-regression models for three tree species richness variables including (a) all 




Models are ranked in each case by AIC from best to worst-fitting model, and only the models with 
ΔAIC ≤ 2 are presented. The Akaike's weighting (wi) and the coefficient of determination (R2) of 
each model are also provided. (N = 10). NND: nearest neighbor distance. 
 
To further explore this, we used partial regression to compute the percentage of 
independent and shared deviances between ILHC and a full landscape model (i.e. one 
including all four landscape variables involved in the modeling process). The proportions 











(a) Total tree richness 
 Logging  68.241 0.0 0.374 0.920 
 Logging Perimeter 69.438 1.2 0.205 0.936 
 Logging Edge contrast 70.136 1.9 0.145 0.923 
 Logging NND 70.227 2.0 0.138 0.920 
 Logging Area 70.232 2.0 0.138 0.920 
(b) Early succession richness 
 Logging  66.853 0.0 0.243 0.540 
 Logging Perimeter 68.417 1.6 0.111 0.561 
 Logging Area 68.698 1.8 0.097 0.549 
 Logging Edge contrast 68.772 1.9 0.093 0.545 
 Logging NND 68.843 2.0 0.090 0.541 
(c) Late succession richness 
 Logging  56.999 0.0 0.240 0.692 
 Logging Area 58.718 1.7 0.102 0.707 
 Logging NND 58.943 1.9 0.091 0.694 
 Logging Edge contrast 58.944 1.9 0.091 0.695 
 Logging Perimeter 58.958 2.0 0.090 0.693 
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tree richnesses (43% and 46%, respectively), while that corresponding to early 
successional richnesses was substantially lower (21%) (Fig. 2). This reinforced the 
suggestion that the presence of early successional tree species in the patches was less 
affected by ILHC than that of late successional species. On the other hand, the deviance 
independently explained by landscape was lower for total and early successional 
richnesses (4% and 3%, respectively), than for late successional richnesses (12%), 
suggesting that the effects of landscape structure augment with the progress of the 
successional process. Finally, the percentage of residual deviance that was not explained 
by either ILHC or landscape was lower in the case of total richness (4%), and higher in 
those of late and, specially, early successional richnesses (17% and 42%, respectively). 
These higher proportions of unexplained deviance might be related with the poorer 
quality of the early and late successional species richnesses variables, as they did not 
include 15% of the tree species for which it was not possible to establish the successional 
status. However, the large differences in unexplained deviance between these two 
richnesses, with that corresponding to early succession richnesses being substantially 
larger, also suggest that early successional trees might be less sensitive to both ILHC 




Fig. 2. Partial regressions partitioning the independent contributions of ILHC (a), landscape 
structure (c), the overlap between them (b) and the proportion of deviance not explained by either 
factor in any case (d). Variation was assessed through the proportion of deviance explained by 
three tree species richness variables including (i) all species; (ii) early successional species; and 
(iii) late successional species of Andean forest fragments. Landscape structure was defined by a 




Our analyses indicated that the presence of ILHC caused a strong reduction in total and 
late successional tree species richnesses, and a more moderate reduction in early 
sucessional tree species richness. In addition, we also detected secondary effects of 
landscape structure in determining species richness variation for all three plant groups, 
although our analyses were ineffective at identifying which aspect of the landscape was 
most important in any case. This may be explained by the fact that only 10 forest patches 
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met the requirements we considered to be included in the investigation (i.e. to be true 
forests with a conspicuous core area), which in turn might have resulted in that the 
analyses had no sufficient power to differentiate amongst secondary predictors. Another 
likely explanation has to do with the extraordinarily high proportions of species richness 
deviance that were accounted for by ILHC (see Table 2), and the consequent reduced 
deviance that was left to be explained by the other predictors. Whatever the case, this 
does not undermine the importance of our most salient result; i.e. that ILHC is a major 
determinant of tree richness in the forest remnants of the study area. 
 
A majority of studies of plant richness–landscape structure relationships in fragmented 
landscapes have found that the key factor for richness variation across forest remnants is 
patch area, while shape and/or isolation variables often appear playing secondary roles 
(e.g. Laurance et al., 1998, Honnay et al., 1999, Hill and Curran, 2003, Boutin and 
Hebert, 2002 and Fahrig, 2003). On the contrary, some investigations have found that 
tree species richness is unrelated to patch size particularly in areas under a continuous 
human disturbance regime (Ochoa-Gaona et al., 2004 and Echeverría et al., 2007). 
Among the landscape metrics we included in our analysis, edge contrast was the best 
single descriptor for total and late successional species, which might lead us to 
emphasize the importance of habitats types surrounding each patch for tree species 
richness. However, we were unable to find greater support for a particular landscape 
predictor, since all of them independently entered as a secondary variable in our best 
multiple regression models and according to an AIC difference criterion (ΔAIC) such 
models have to be considered equivalent (i.e. they have a ΔAIC ≤ 2). On the other hand, 
because edge contrast and other isolation measures depend on the landscapes 
surrounding the patch, the degree of patch isolation is strongly related to the amount of 
habitat remaining in the surrounding landscape. Consequently, Fahrig (2003) argued that 
patch isolation can be interpreted as a synonym of habitat amount in the landscape. Our 
results concur with this observation, since edge contrast, for example, was highly 
correlated with total patch size. Of course, this does not mean that tree species richness 
in the study area is unrelated to any landscape descriptor, but rather that we could not 
find greater support for one of them. Also, our results are not in contradiction with an 
important role of landscape on species richness in absence of logging. Furthermore, 
although our methodology allowed us to assess the independent contributions of logging 
and landscape structure, further empirical or theoretical studies are needed to examine 
whether these effects can interact additively or synergistically. 
 
Generally, fragmentation studies have neglected the potential effects of human 
disturbances (Hobbs and Yates, 2003), by considering only sets of landscape descriptors 
and ignoring social and economic factors that are dynamically generating changes in the 
attributes of the habitat matrix (see e.g. Ochoa-Gaona et al., 2004). Even so, we can still 
find some examples in the literature that have taken into account human activities such 
as logging or cattle breeding together with landscape metrics. For example, some 
workers have considered a common logging activity among peasants of developing 
countries which basically consists in selecting and cutting the larger (and generally older) 
trees to shell them in the timber market (Pollmann, 2002] and Echeverría et al., 2007). 
However, this is a highly selective and market-oriented forest logging that clearly 
contrasts with the non-selective nature of logging for household consumption (ILHC) we 
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found in our study area. Therefore, both forest logging activities are not fully comparable 
as the expected effects clearly differ. Accordingly, to our knowledge, no study has yet 
jointly examined the relative importance of landscape structure and ILHC (as described in 
our study area) in determining tree richness, thus preventing any direct comparison with 
our results. The absence of ILHC in the habitat fragmentation literature is understandable 
in areas where this activity does not exist or is marginal (e.g. developed countries), but is 
surprising in regions were the rural population often take out young trees and saplings 
(often illegally) to obtain fuel-wood for household consumption. A possible explanation for 
this is the strong emphasis of the research agenda of developed countries on habitat loss 
and fragmentation issues and, consequently, the likely influence that this emphasis might 
have had in setting up similar investigation priorities in the rest of the world. Despite this, 
if ILHC is as widely extended as the data gathered by international agencies seem to 
indicate (World Bank, 2004), it might be the case that a crucial factor for tree biodiversity 
(i.e. ILHC) is being neglected by the habitat fragmentation research. 
 
The situation in the study area constitutes a paradigmatic example. Although efforts have 
taken electricity with subsidized prices to all low-income villages of the area, some 
unemployed villagers consider that cooking with electricity is still expensive and, hence, 
have continued extracting fuel-wood from the forest patches. The fact that this is a 
banned activity might have aggravated its effects on tree richness. Particularly because 
ILHC has to be carried out quickly and, likely, without performing much selection of the 
tree species that are cut. This means that both early and late successional tree species 
might be affected by logging with similar intensities, a supposition that was supported by 
most of the informal interviews we made to the inhabitants of the area. Moreover, this 
also had a reflection in our results, as we found that the effects of ILHC on tree richness 
were stronger for late successional species and weaker for early successional ones. 
Indeed, bearing in mind ecological successional theory, the explanation for these 
divergences is straightforward: unless the cut tree is capable of resprouting, unspecific 
logging tends to create gaps that can readily be occupied by colonizing trees, but it is 
more likely that such gaps be occupied by early than by late successional tree species. 
Thus, the net outcome is that the presence of late successional trees is more strongly 
compromised by the effects of ILHC and, hence, late successional tree richness results 
more impoverished. In this respect, valuable insights could also be provided by 
experimentally testing the effect of logging on fragmented versus unfragmented 
landscapes or by applying simulated scenarios of logging and fragmentation specifically 
to this type of forest. For instance, results on simulated scenarios of logging and 
fragmentation for a neotropical landscape showed that the combined effect of logging 
with fragmentation can remain for long time periods because of the slower growth and 
later maturation of late successional species (Kammesheidt et al., 2002). 
In clear contrast with the overwhelming importance of ILHC for tree richness variation in 
the forest remnants, the local environmental offices focus on habitat fragmentation and its 
potential effects on diversity, much as it typically happens in developed countries (see 
above). In fact, the Corantioquia-UN (2002) project – which provided much of the data 
used in the present study (see Section 2) – was promoted to investigate relationships 
between diversity and forest patch connectivity, clearly under the idea that documenting 
these aspects would be key for devising future conservation actions for the study area. 
ILHC, on the other hand, was not considered by the Corantioquia-UN (2002) project, a 
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neglection that, in view of our results, could lead to concentrate conservation 
expenditures on issues of secondary importance for tree richness. In clear opposition to 
this, our results evidently call for the need of finding alternative and inexpensive fuel 
sources for household consumption and, thus, minimize ILHC. That is, if the goals are to 
preserve tree species richness and push ecological succession forward in the forest 
remnants of this landscape. From a more general point of view, our results also 
emphasize the need of incorporating ILHC in studies aimed at determining the factors 
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We analyzed the effects of human access and landscape structure on forest bird species 
richness in a fragmented landscape of the Colombian Andes. In Latin America, human 
accessibility to forests is one of the main issues that affect forest diversity, since an 
important number of countryside villagers still complement their food and incomes with 
the extraction of forest resources (e.g. through bird hunting). Anthropogenic actions may 
also affect forest bird species indirectly through modifying the structure of forest habitats. 
We surveyed 14 secondary cloud forest remnants of this landscape to generate bird 
species richness data for each of them. We also quantified six landscape structure 
descriptors of forest patch size, shape and isolation, and generated (through using 
principal components analysis) a synthetic human influence variable that considers the 
distance of each fragment to roads and villages, as well as the slope of the fragments. 
Species richness data were related with these variables using generalized linear models 
(GLMs) complemented with model selection techniques based on Information Theory and 
partial regression analysis. We found that forest patch size and accessibility were the 
main drivers of bird richness patterns, with richness tending to increase towards larger 
and less accessible forests. The positive association with patch area was consistent with 
the well known species-area relationships, whereas the negative association with human 
access was interpreted as likely consequences of the illegal bird hunting activities that 
take place in this landscape. These results are discussed for biodiversity conservation 
plans and initiatives in this landscape.  
 
Keywords: Anthropogenic disturbance, bird diversity, cloud forest, habitat fragmentation, 




Anthropogenic activities affect natural ecosystems by altering or creating stresses, by 
generating new disturbances, or even by suppressing natural disturbance regimes 
(Nyström et al., 2000, Stankowich, 2008; White and Pickett, 1985; Lindenmayer and 
McCarthy, 2001). Human activities also affect the spatial arrangement of habitats in the 
landscape as well as the structure of the communities that occur in them. For example, in 






developing countries, countryside dwellers often complement their income with the 
extraction of forest resources due to their low wages (Aide and Grau, 2004), promoting 
the loss and fragmentation of forests, and also the impoverishment of their biotas (Johns, 
1991; Mason, 1996; Turner, 1996; Alvarez, 2002; Köhler et al., 2002; Farhig, 2003; 
Barlow and Peres, 2004, Aubad et al., 2008). Moreover, anthropogenically-driven species 
losses associated to habitat alterations have not only been reported locally, but also at 
the regional and global extents (Diamond, 1984; Kattan et al., 1994; Turner, 1996; 
Bierregaard et al., 1992; Pimm, 1998; Hill and Curran, 2003), thus being regarded as one 
of the most important drivers of the current biodiversity crisis (Groombridge, 1992; 
Bascompte and Solé, 1996; Turner, 1996; Burgman and Lindenmayer 1998; Laurance, 
1999; Tilman et al., 2002). 
 
Among the many characteristics of landscape structure that usually change with the loss 
and fragmentation of habitats, habitat size is considered the most relevant predictor of 
species richness (reviewed in Farhig, 2003). Measurements such as patch size and core-
area size (i.e. the amount of interior habitat that is beyond from edge effects) are both the 
best known area-related indexes (McArthur and Wilson, 1967; Bierregaard and Stouffer, 
1997; Pimm, 1998; Pimm and Raven, 2000; Hill and Curran, 2003). Isolation is also 
considered to be a significant richness predictor (McArthur and Wilson, 1967), where both 
habitat size and isolation are recurrently associated to patch quality, with high quality 
patches (i.e. the larger and less isolated ones) commonly performing as source 
populations and lowest quality patches as sink populations (e.g. see Fauth et al., 2000).  
 
The Tropical Andes are considered the most diverse region of the world in terms of bird 
species (Mittermeier et al., 2000, Hawkins et al., 2003, Boyla and Estrada, 2005; Orme et 
al., 2005). Almost 10% of all bird species recorded in the Colombian Andes are endemic 
or semi-endemic (Stiles, 1998), and are mostly registered in mountain forests above 1000 
m.a.s.l. In addition, nearly 9% of the 1870 bird species that have been reported for 
Colombia (Salaman et al., 2008) are under some type of threat (Renjifo et al., 2002), 
mainly due to the loss and fragmentation of forests. This illustrates the high susceptibility 
to extinction and low tolerance to the degradation of forests of this bird fauna (see 
Bierregaard and Stouffer, 1997; Renjifo, 2001).  
 
This study was carried out in the Colombian Andes, in a landscape that has been 
proposed as regional conservation park by local authorities (Corantioquia - UN project, 
2002). The whole area faced an intense clearing and fragmentation process during the 
19th and 20th centuries and is undergoing a slow forest recovery (see Aubad et al., 2008). 
Our aim was to identify the main drivers of forest bird species richness variation, as this 
information could be useful for actions and initiatives aimed at preserving the forest bird 
biota. We hypothesized that forest bird richness was determined by both landscape 
structure characteristics (i.e. the size, variety and spatial configuration of habitats) and 
human influences. In this regard, we generated a battery of landscape structure metrics 
commonly used in habitat fragmentation research (i.e. variables of patch area, shape and 
isolation), and we evaluated potential anthropogenic influences by measuring the general 
accessibility of the forest patches to humans. We assumed that, if forest bird richness 
was observed to decrease along with increasing accessibility to forests, this would 
evidence that human actions are negatively impacting forest bird fauna and, also, that 






more accessible forests should be object of special attention by local conservation 
authorities. From a more general perspective, we expect that the results of this research 
contribute to the establishment of scientifically informed conservation plans that make 
effective current political interests of protecting the tropical Andean biodiversity through 




Study area and sampling procedures 
 
The studied landscape, called Parque Arví, comprises 11,431 ha and is located in the 
Central Andes of Colombia, in the province of Antioquia. Its elevation ranges between 
1800 and 2700 m, and its mean annual temperature is 14oC with a maximum of 20oC and 
a minimum of 5oC. Annual precipitation varies from 1500 to 2200 mm with a bimodal 
pattern that includes wet periods in March-May and October-December. Potential 
vegetation consists in tropical Andean forest, commonly known as cloud forest (see Toro, 
2000 for a more detailed description of the area). However no primary forest patches 
exist in this area, and all remaining mature forests are secondary cloud forests located 
throughout a narrow altitudinal belt (the centroids of all forest patches have an altitude 
ranging between 2300 and 2600 m).  
 
Based on detailed land cover map elaborated by a conservation project carried out by 
two public institutions -the Corporación Autónoma Regional del Centro de Antioquia and 
the Universidad Nacional (UN) (Corantioquia-UN, 2002)- we initially identified 18 potential 
old grown secondary forest fragments for the study. However, the bird fauna of four of 
these fragments could not be surveyed, in two cases because our entrance to the 
fragments was prohibited by private owners, and in the other two because people of the 
neighborhood interfered with the establishment of our sampling set-up, thus precluding 
obtaining the data. The 14 sampled fragments had sizes ranging from 2 to 181 ha (Fig. 
1), with ten fragments having a clear core area (analyses performed with the Spatial 
Analysis module of ArcView 3.2), which we defined as that located at a distance of ≥100 
m apart from the fragment edge (Forman, 1995), and four smaller fragments lacking it. 
On the other hand, besides secondary forest fragments, the survey of forest bird fauna 
also involved other four types of habitats described in the land cover map; i.e. scrubs, 
arborescent pre-forestal formations locally known as "rastrojos", forest plantations, and 
grasslands. Although our analyses were centered on the forest patches, the bird species 
data obtained for these non-forest habitats were necessary to compute the variable edge-
contrast, one of the isolation metrics used in this study (see below). 
 
The surveys took place between August 2004 and September 2005 and used two 
different methods: point counts, which are standardized surveys commonly used for 
ornithological studies (Bibby and Burgess, 1992; Ralph et al., 1995), and mist-netting. For 
point counts we randomly established for each forest and non-forest habitat patch ten 30-
m radius plots separated at least 200 m from each other. We used these plots to survey 
all bird species that were seen or heard during 15 minutes. We did not take into account 
either species that just overfly the patch or continental migratory species, due to their 
recognized dispersal ability. We complemented the surveys with mist-nettings, using, 12 






m long and 30 mm mesh-nylon nets. This survey technique allows the capture and 
marking of forest bird species, including those missed during the plot surveys due to their 
quiet behavior. We established five nets per habitat patch, which were surveyed during 
eleven continuous hours (from 6:00 to 17:00 GTM) until the sampling effort reached 770 
net-hours. Nets were placed 30-50 m apart from each other, establishing a line (net 
series) that started 100 m from the edge, and extended towards the center of the patch 
(to avoid catching outsider species). Altogether, our survey registered 58 forest bird 





Figure 1. Map of the study area in the central Andes of Colombia showing the location of the 















We calculated the total forest bird species richness of each secondary forest patch and 
used these values as our main response variable (hereafter total richness). We also 
considered two additional species richness variables after classifying all species 
according to their occurrence in the forest patches. For this, we used cluster analysis with 
average linkage as the clustering algorithm (Quinn and Keough, 2002), and the 
percentage disagreement index between pairs of species as the dissimilarity coefficient 
(Statsoft, Inc. 2005), which is expressed as: 
 
D (xi, yi) = 100 (∑|xi≠yi|/I) 
 
in which xi, yi are two species, I is the total number of forest patches, and ∑|xi≠yi|is the 
number of forest patches in which a species is present while the other is absent. This 
analysis differentiated two clear groups (Fig. 2), one composed by bird species present in 
at least eight forest patches (hereafter common species), and the other by species 
occurring in less than eight patches (rare species). Thus, we also calculated the richness 
of each of these groups in the patches and used common and rare species richness 




We processed the Corantioquia-UN (2002) digital cartography with a ArcView 3.2 and 
Fragstats 3.0 (McGarigal et al., 2002) to generate six landscape structure variables 
reflecting different aspects of the area, isolation and shape of the forest patches. Area 
metrics comprised patch area and core area, the first variable corresponding to the total 
area of each fragment (in hectares), and the second variable reflecting the area that is left 
after discarding a strip of forest 100 m wide from the edge of the fragment (Forman, 
1995, and Turner et al., 2001). Isolation variables were edge-to-edge nearest neighbor 
distance (hereafter NND), and the edge contrast index developed by McGarigal and 
Marks (1995). NND represents the shortest distance between the focal forest fragment 
and its nearest forest patch either in the studied landscape or in its surroundings. The 
edge contrast index considers the habitats that are in contact with the perimeter of each 
forest fragment and the relative length of this contact. Thus, larger values of this index 
correspond to forest patches that are surrounded by less suitable habitats for forest bird 
fauna (see McGarigal and Marks, 1995 for details). Specifically, there are four land cover 
classes surrounding the studied forest patches (scrubs, arborescent pre-forestal 
formations, forest plantations and grasslands), and their respective values in the index 
were derived taking into account the forest bird species detected in them by our survey. 
Finally, shape variables included the perimeter of each fragment (in meters), and the 
Patton's shape index, a dimensionless circularity metrics that is both theoretically and 














Figure 2. Hierarchical agglomerative clustering of the 58 bird species present in the fourteen old-
grown Andean secondary forests investigated in this study. The analysis used the percentage 
disagreement index between pairs of species as dissimilarity measure, and average linkage as 
clustering algorithm. The analysis identified two equally sized groups of 29 species each, one 
comprising species present in at least eight patches (common species), and the other including 
species found in a lower number of patches (rare species). 







Also, as a proxy of human influence levels we generated a synthetic metric combining 
three different aspects of the accessibility of forest patches to humans; namely, distance 
from each patch to the nearest road of any type, distance from each patch to the nearest 
rural community, and the average slope of each forest patch. The synthetic metric 
consisted in the first axis of a principal component analysis (PCA) performed on these 
data, which explained 56% of the variance and was the only axis having an eigenvalue 
greater than one (1.7); that is, this axis was the one to be chosen according to the 
interpretability criterion established by Norman and Streiner (1994). This PCA axis was 
highly negatively correlated with all three accessibility measures (Pearson r < -0.62 in all 




We used generalized linear models (GLM) to relate species richness values with human 
access and landscape structure descriptors (see below). However, it is well known that 
multicollinearity among explanatory variables may strongly affect the outcome of multiple 
linear models. Therefore, we first conducted a clustering analysis to pin point a subset of 
scarcely linearly related predictors. Specifically, we computed Pearson correlations 
between each pair of predictors and then used 1-Pearson r as distance measure and 
average linkage as clustering algorithm for this analysis (Quinn and Keough, 2002). The 
resulting dendrogram (not shown) classified edge contrast and human access as two 
separate, single variable groups. This indicates that edge contrast and human access are 
scarcely associated with each other and with the rest of the predictors, and therefore 
these variables were selected for further analysis. A third group comprised patch size, 
core size and NND, which showed a significant correlation among them (r > 0.60 in all 
cases). From these variables we selected patch size for being the most common 
predictor in studies relating species richness and habitat structure characteristics (e.g. 
McGarigal and Marks, 1995). Finally, a fourth group included shape index and perimeter 
(r = 0.91), and we selected the first variable because of its greater indicative value, since, 
along with patche shape, this variable also reflects area-perimeter relationships 
associated to edge effects (Skole and Tucker, 1994; Murcia, 1995; Arango-Vélez and 
Kattan, 1997; López-Barrera et al., 2006; Broadbent et al., 2008). Pairwise simple 
correlations among the four variables chosen by this procedure ranged between |0.02| 
and |0.50|, which represents a moderate level of collinearity (see Neter et al., 1996). 
Furthermore, remaining collinearity effects, if any, are expected to be minimized through 
the model averaging techniques described below (see Diniz-Filho et al., 2008). 
 
Because all response variables consist in count data (i.e. species richness values), our 
GLMs were based on the Poisson distribution using a log-link function (McCullagh and 
Nelder, 1989). The modeling process involved two steps. First, for each species richness 
variable, we generated all possible models that can be obtained by combining four 
predictors (i.e. 24 models minus the model with intercept only = 15 models). Then, we 
evaluated the performance of each model through computing three information theory-
based indexes: the Akaike's Information Criterion (AIC), ∆AIC and Akaike´s weighting (wi) 
(Burnham and Anderson, 2002). The AIC index serves to rank the models according to 
their descriptive power, with lower AICs indicating better models. The ∆AIC index 






compares each model with the model exhibiting the minimum AIC value (∆AICi=AICi-
minAIC), and a rule of thumb allows identifying those models with ∆AIC<2 as good 
models (see Burnham and Anderson, 2002). Finally, the Akaike's wi represents the 
probability that model i is actually the best explanatory model among all possible models.  
 
This model selection protocol allowed focusing our interpretations for each species 
richness variable on the standardized regression coefficients of the predictors included in 
two types of models: the best model (i.e. that with minimum AIC), and the average model 
obtained after averaging the regression coefficients of all good models (i.e. with ∆AIC<2). 
Higher absolute values of these coefficients correspond to predictors having stronger 
impacts on species richness variation. Complementarily, in order to approximate the 
proportion of richness deviance explained by each best model, we also computed its 
pseudo-R2x100 value (also known as McFadden’s rho-squared), which also served to 
evaluate model fit. This index varies between 0 and 100, and a rule of thumb establishes 
that pseudo-R2x100 values larger than 20 indicate good fits (see Terribile et al., 2009 for 
more technical details). Finally, we complemented these techniques with partial 
regression analysis, which we used to partition the deviance explained by the variables 
included in the best models into independent and covarying components (e.g. see 




The correlation between total and rare bird species richness was much higher (r = 0.97) 
than that of each of these variables with common species richness (r = 0.66 and r = 0.47, 
respectively). All common species were found in more than 57% of the fragments, 
suggesting that all fragments differ little in terms of their composition of common species. 
This was supported by the cluster analysis performed with the presences of the species 
in the fragments, which showed that, out of the 29 common species found in the study, 
22 species were all clustered in a large group in with zero dissimilarity (Fig. 2). Indeed, 
this low compositional variability of common species across the fragments explains why 
this species group had a lower contribution to total richness variation. Conversely, rare 
species (N = 29) were present in a lower proportion of the fragments, and were more 
dissimilar in terms of their distribution across them (Fig. 2), thus accounting for the 
stronger contribution of this species group to total richness patterns. 
 
Consistent with this, the multivariate models obtained for both total and rare species 
richness were very similar, with patch size and human access being the strongest 
predictors in both cases, as indicated by their respective standardized regression 
coefficients in the best and average models (Table 1). Positive and negative coefficients 
for patch size and human access in these models, respectively, indicate that total and 
rare forest bird richness tend to increase towards larger and less accessible forest 
patches. Conversely, the lower absolute values of the standardized regression 
coefficients of shape index and edge contrast in the average models highlight that these 
are poorer predictors of both richness variables. Table 1 also shows that the best models 
obtained for total and rare species richness explained similar proportions of deviance 
(53.5% and 52.3%, respectively), which coupled with the former results, reinforces that 
the variation of total richness mainly responds to that in rare richness. Finally, according 






to our partial regression analyses of the relationships described by the best models (Fig. 
3), the proportion of deviance jointly explained by patch size and human access was very 
low for both total and rare species richness (≤ 2%), thus indicating that the effects of both 
predictors on richness are largely independent from each other. 
 
With regard to common species, the best model only included edge contrast (Table 1). 
However, the possibility that this predictor was a relevant determinant of common 
richness was undermined by the lower Akaike weighting of this model (wi = 0.171) and, 
particularly, by the low proportion of deviance it accounted for (19.5%), as this was lower 
than the critical value that has been empirically assumed to reflect good fits (see Terribile 
et al., 2009). Moreover, all the standardized regression coefficients of the average model 
showed low absolute values, indicating that no predictor had strong impacts on common 
species richness variation. This result is indeed consistent with the widespread 
distribution of the species of this group across the forest patches.  
 
Table 1. Best and average multiple GLM models describing the variation of total, rare and common 
forest bird species richness across fourteen secondary forest patches in an Andean landscape. The 
standardized regression coefficients of the predictors used for model building are provided, with the 
absolute value of each predictor in each model indicating its relative importance as descriptor of 
richness patterns. For each richness variable, the best model corresponds to that with lower AIC. 
Akaike weighting (wi) reflects the probability of this model of being actually the best across all 
possible models. The percentage of deviance explained by each best model is also given (pseudo-
R2x100). Average models were obtained by averaging the coefficients of all good models (i.e. with 
ΔAIC ≤ 2) found for each species richness variable. Parenthesis indicates the number of good 
models found in each case. 
 








Total richness        
Best 0.105   -0.106 0.324 53.5 
Average (4 models) 0.068 0.012 -0.037 -0.125   
Rare species richness       
Best 0.390   -0.382 0.476 52.3 
Average (3 models) 0.370 0.048 -0.014 -0.412   
Common species richness      
Best   -0.031  0.171 19.5 
Average (9 models) 0.004 0.008 -0.015 -0.016   
 








Figure 3. Partial regression partitioning of the deviance of total and rare Andean forest bird species 
richness as explained by the independent contributions of human access (a), patch size (c), the 






We have investigated forest bird richness variation across the old-grown secondary forest 
remnants that are left in a highly fragmented Andean landscape. We found that the size 
of the forest fragments and their accessibility to humans were the main determinants of 
bird richness, which showed a tendency to increase towards larger and less accessible 
forests. This increase in richness with habitat area was expected, as it is in line with both 
the well known species-area relationship, which is one of the basic tenets of Island 
Biogeography Theory (MacArthur and Wilson, 1967), and a pattern that has been found 
many times (Rosenzweig, 1995; Forman, 1995; Laurance et al., 1998; Honnay et al., 
1999; Hill and Curran, 2003; Boutin and Hebert, 2002; Fahrig, 2003). On the other hand, 
the negative effects of forest accessibility to humans on richness can be interpreted as 
reflecting deleterious anthropogenic impacts on forest bird fauna (see below). 
 
Our analyses also allowed to identify two bird species groups, each reacting differently to 
the human influences we investigated. Common bird species were widespread across the 
forest fragments and their richness showed weak relationships with both the accessibility 
to humans and the structural characteristics of the forest remnants. Hence, we interpret 
that these species are common because of their lower sensitivity to anthropogenic 
impacts, which, of course, does not exclude the possibility that an intensification of such 
impacts in the future could lead to negative reactions of at least some of these common 
species. Conversely, rare bird species were present in a lower proportion of the forest 
fragments and their richness was highly correlated with total richness. Further, rare 
species richness was primarily determined by the same factors that drove total richness 
variation (i.e. forest patch size and accessibility), suggesting that total richness patterns 
were mainly due to the sensitivity of rare species to these variables. In other words, our 
analyses allowed us to identify which bird species are more vulnerable to human 
influences, either expressed as indirect effects occurring through alterations of their 






habitat (i.e. reductions in forest patch area), or as direct interferences on forest bird fauna 
(summarized in the variable human access to the forest patches). Moreover, our 
deviance partitioning results indicated that the effects of patch area and human access 
on rare species richness (and hence on total richness) are largely independent from each 
other. This suggests that while some species are particularly sensitive to reductions in 
forest patch size, other species would respond primarily to the accessibility of humans to 
the remaining forests (see below). Additionally, from a practical point of view, these 
results indicate that actions aimed at preserving bird diversity in the studied landscape 
should involve both preventing further deforestation and controlling human disturbance to 
the forest patches. 
 
Human access to natural forests may promote the uncontrolled exploitation of forest 
resources, a phenomenon that seems to be particularly common in developing countries 
(e.g. Biswas et al., 1987; Rodríguez, 2000; Geist and Lambin, 2001; Cason and 
Obidzinski, 2002; Aubad et al., 2008). For instance, for the particular case of the studied 
landscape, we have already documented that the unselective cut of young trees that are 
used as household fuel causes detectable, negative impacts on tree species richness 
and composition (Aubad et al., 2008). This illegal logging activity may also have indirect 
effects on the bird fauna, for example by disturbing foraging or reproduction, and/or by 
altering nesting sites. Likewise, the growing, recreational use of some zones of the 
studied landscape by people coming from the neighboring cities may have similar indirect 
effects on the forest bird biota (Bautista et al., 2004). However, according to the informal 
interviews we carried out with local authorities and forest rangers during field work, a 
more likely cause behind the negative relationships we found between human access 
and total and rare species richness is illegal bird hunting. Although forbidden and 
prosecuted, traditional hunting practices are still being performed in the area, and affect 
mainly to medium and large-sized edible bird species that are consumed locally. Besides 
these species, illegal hunting also affects vividly colored and/or singing birds, in this case 
with the goal of selling the individuals captured in the Medellín's wildlife black market. 
Whatever the motivation, both types of bird hunting appear to be highly species selective, 
a feature that allows providing a comprehensive interpretation to our results. Indeed, as 
discussed above, we found nearly independent effects of patch area and human access 
on rare and total richness, which suggested that the negative effects of forest patch 
accessibility were mainly due to a negative response of a particular set of our rare bird 
species to this variable. This is consistent with a selective extraction of bird species from 
the patches and, hence, with the illegal hunting practices that are taking place there.  
 
To conclude our analysis of the determinants of forest bird richness in an Andean 
landscape has identified forest patch size and accessibility to humans as key factors for 
bird forest diversity. The interpretation that human access effects on bird richness were 
mainly due to illegal activities (hunting) resembles the conclusions we reached previously 
in the same landscape regarding the drivers of tree species richness (Aubad et al., 2008), 
as in this former research we also found that another illegal activity (young tree logging 
for household consumption) was a primary determinant of tree diversity patterns. Taken 
together, the results of both studies highlight that, along with forest structure 
characteristics, direct human impacts on the biota of this area have to be taken into 
account if we want to preserve its diversity. Moreover, since those impacts consist on 






illegal activities which, to a large extent, are related with the general low incomes of the 
local population, it seems imperative that any actions and initiatives pursuing improving 
the conservation of this area take into account this economic dimension, or otherwise it 
seems unlikely that these actions will be fully effective in reaching their goals. 
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Forest conservation strategies need adequate data for decision-making. However, this 
information is frequently insufficient or unavailable, especially in developing countries. In 
this study, bird species richness predictions were used as a tool for conservation planning 
and management in an Andean landscape in which forests (secondary cloud forests) are 
highly fragmented. Previous results have shown that the area of these forest patches and 
their accessibility to humans were key determinants of forest bird richness in this 
landscape (Aubad et al. in prep; see Chapter 4). Along with this, local authorities pin point 
illegal bird hunting as the main human activity driving forest bird richness loss. Thus, our 
predictive model included patch area and bird hunting protection level as predictors, and 
was parameterized using Generalized Linear Models (GLM) applied to forest bird species 
data that we obtained directly from the field. The simple correlation between observed 
and predicted forest bird richness values was very high (r=0.93), highlighting that the 
obtained model provides a good description of the data and could be used as a predictive 
tool. Thus, a second step consisted in assessing several scenarios of conservation in 
which the number and area of secondary forest patches were increased, and hunting 
protection levels were either minimum or maximum. These predictive exercises showed 
that increasing secondary forest areas and hunting protection would likely have strong 
positive impacts on forest bird richness, to the point that even the incorporation of new 
forest species to the studied landscape becomes a possible outcome. Moreover, given 
that our predictions were based on realistic considerations with regard to the new 
secondary forest patches that could evolve in the area (we extrapolated to situations in 
which existing arborescent, preforestal patches have became old grown forests by 
promoting and/or protecting secondary succession), our results have the potential of 
being readily applied to conservation initiatives taken place in this area. 
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It has been increasingly recognized that more approaches are needed for conservation 
planning and management worldwide, and especially in Latin America (Leitão and Ahern, 
2002). Whereas some studies have described the consequences of forest loss for 
biodiversity in tropical areas (Laurance, 1999; Achard et al., 2002; Dirzo and Raven, 
2003), few have focused on providing tools for forest conservation planning, especially in 
the Andean region. The Colombian Andes faced most of its forest clearing until the early 
1900s, resulting in permanent land transformation (Etter et al., 2005) aimed at economic 
activities such as cattle ranching, forest plantations and household food production 
(Palacios, 2001). Although conservation concerns have been growing, the remaining 
forests are still facing strong pressures from rural villagers that have no access to the 
formal economy (e.g. Aubad et al., 2008). 
 
Landscapes are arrangements of distinct, dynamic and interacting patches (Forman, 
1995) that can be assembled for special interests (Schulte et al., 2006). Concepts such 
as landscape-scale conservation and ecologically sustainable landscapes emerge as 
frameworks that refer to the ability to conceive plans with significant natural conservation 
value and especially focused on the application of the theory of island biogeography 
(Ericson, 2004). These approaches take into account the spatial patterns of ecosystems 
that should allow populations of target species to persist (Leitão and Ahern, 2002; Opdam 
et al., 2006; Termorshuizen et al 2007). Conservation planning is a process used to 
identify and implement priority areas for protection. (Margules and Pressey, 2000). Also, 
it is an approach in which scientific analysis linked with pragmatic policies that generate 
management plans that are prescriptive, not just informative and spatial, allow identifying 
and prioritizing specific areas for conservation (Rookwood, 1995). Conservation planning 
includes: data gathering, identification and monitoring of conservation areas and 
implementation of management practices (Margules and Pressey, 2000).  
 
Given their relevance for conservation, many studies have addressed the important 
issues that explain forest and habitat quality at the landscape scale (Drapeau et al., 2000; 
Mörtberg and Wallentinus, 2000; Uliczka and Angelstam, 2000; Huhta et al., 2004). 
Therefore, conservation plans in fragmented landscapes must consider not only the 
natural ecosystem, but also the scattered features of the matrix and the relationship 
between the landscape and its inhabitants. At the landscape scale, most conservation 
strategies are based on the fact that larger patches provide better habitats (Blake and 
Karr, 1987; McIntyre 1995; Bierregaard and Stouffer, 1997; Stratford and Stoufer, 1999; 
Hill and Curran, 2003; Graham and Blake, 2001); on the importance to improve habitat 
connectivity (Opdam, 1990; Schmiegelow et al., 1997; Nikolakaki, 2004; Uezu et al., 
2005); and on the consequences of landscape heterogeneity (Atauri and de Lucio, 2001).  
 
When forest ecosystems are the conservation target, there has been a shift from a single-
species to a multi-species approach, since single-species indicators have been 
considered insufficient (Franklin, 1993; Barnes et al., 1998; Vuilleumier and Prelaz-Droux, 
2002; Phua and Minowa, 2005). Among multi-species approaches, species richness has 
been used for prioritizing conservation locations (Myers et al., 2000; Fleishman et al., 
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2006) and bird species richness in particular has been viewed as a particularly good 
ecological indicator to assess conservation plans quantitatively (Furness and Greenwood, 
1993; Lambeck, 1997 Martikainen et al., 1998; Suter et al., 2002; Pakkala et al., 2003; 
Angelstam et al., 2004; Uliczka et al., 2004; Robergea and Angelstamb, 2006). 
 
Forest conservation planning needs adequate data for decision-making. However, since 
this information is frequently insufficient or unavailable, especially in developing 
countries, we expect that the prediction of forest bird species richness will be a useful tool 
for forest conservation planning and management. Specifically, the aim of this research is 
to develop a predictive model of forest bird species richness that could be used to 
evaluate different conservation scenarios in the studied landscape, an area comprising 
some of the scarce remnants of cloud Andean forests that are left close to the 
metropolitan region of Medellín. The scenarios we consider include the possibility that 
future conservation actions will promote the increase forested areas, and will also enforce 
the application of the legislation that forbids bird hunting, an illegal activity that is being 
performed at varying intensities in this landscape, and that constitutes a major concern 
for the local authorities in charge of the preservation of biodiversity in the region. 
Moreover, the studied landscape is currently under evaluation by the Medellín City 
Environmental Office for being converted into a regional conservation area. Therefore, 
the predictive exercise presented here has the potential of being used in the design of 






The study landscape is located in the central Andean mountains, in the province of 
Antioquia, Colombia. The area is highly affected by its surrounding cities, especially by 
Medellín, the second largest city of the country. As a result, the area is turning into a 
periurban landscape facing additional recreational, productive and land transformation 
pressures. Land cover includes secondary forests, arborescent pre-forestal formations 
locally known as "rastrojos", scrubs, forest plantations, agriculture and small human 
settlements interspersed in a grassland matrix. Forest patches are characterized by six 
plant families that represent 32% of the tree species; Lauraceae, Rubiaceae, 
Orchidiaceae, Melastomataceae, Asteraceae and Solanaceae. The most representative 
bird families include Trochilidae, Thraupidae, Fringillidae, Furnariidae, Tyrannidae and 
Columbidae. Currently, there are important efforts for establishing a regional conservation 
area that facilitates biodiversity conservation and the protection of ecosystem services, as 
well as for providing an additional scenic welfare value for the inhabitants of the 




Using a detailed land cover map elaborated by a conservation project carried out by two 
public institutions -the Corporación Autónoma Regional del Centro de Antioquia and the 
Universidad Nacional (UN) (Corantioquia-UN, 2002)- we initially identified 18 potential 
secondary forest fragments (coded as SF1 to SF18) for the study (Fig. 1). However, the 
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bird fauna of four of these fragments (SF15-SF18) could not be surveyed, in two cases 
because private owners prohibited our entrance to the forest patch, and in the other two 
because people of the neighborhood interfered with the establishment of our sampling 
set-up, thus precluding obtaining the data. The 14 fragments that we did sample had 
sizes ranging from 2 to 181 ha, with 10 fragments (SF1 to SF10) having a clear core area 
(analyses performed with the Spatial Analysis module of ArcView 3.2), which we defined 
as that located at a distance of ≥100 m apart from the fragment edge (Forman, 1995), 




Figure 1. Images of the eighteen initially identified secondary forest fragments sampled (SF1 to 
SF18). In dark, the fourteen forest fragments that were surveyed for this study (SF1-SF14) and light 
gray, the four forest fragments were bird fauna could not be surveyed (SF15-SF18).  
 
Bird species richness data 
 
From August 2004 to September 2005 we sampled the bird species occurring in each the 
14 forest patches using two different methods: point counts, which are standardized 
surveys commonly used for ornithological studies, and mist-netting. For point counts we 
randomly established ten 30-m-radius plots in each forest patch separated at least 200 m 
from each other. We used these plots to survey all bird species that were seen or heard 
during 15 minutes, not taking into account neither species that just overfly the forest, nor 
continental migratory species, due to their recognized dispersal ability. We 
complemented the surveys with mist-nettings, using 12 m long, 2.5 high and 30 mm 
mesh-nylon nets which were randomly located within each patch using the Corantioquia - 
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UN project (2002) land cover map (see above). This survey technique allows the capture 
and marking of forest bird species, including those missed during the plot surveys due to 
their quiet behavior. In each forest patch we established five nets during eleven 
continuous hours (from 6:00 to 17:00 GTM) until the sampling effort reached 770 hours 
per net. Nets were placed 30-50 m apart from each other, establishing a line that started 
100 m from the edge, and extended towards the center of the patch (to avoid catching 
outsider species). Finally, by combining the species presences recorded by each survey 




For the modeling process we considered two different predictors of forest bird species 
richness, forest patch-size (in hectares) and hunting protection. The selection of patch 
size is in accordance to the well known area-species richness relationship, which is 
particularly well described for birds (Bieregaard and Stouffer, 1997; Stratford and 
Stouffer, 1999; Uezu et al., 2005). On the other hand, in a previous study (Aubad et al. in 
prep; see chapter 4) we found that a quantitative variable measuring human accessibility 
levels to the forest patches was as important as forest patch size for forest bird richness 
as forest patch size, reflecting that forest bird richness patters are determined by both 
landscape structure and anthropogenic influences in the studied landscape. In this 
respect, one of the main concerns of local authorities with regard to the conservation of 
forest bird fauna is the hunting of bird fauna. Indeed, despite being forbidden and 
prosecuted, local authorities report that bird hunting activities still occur in this area at 
varying degrees (see below). The main hunting incentives are 1) the Medellín´s wildlife 
black market, where singing and/or vivid colored birds are on sale; 2) hunting for food, 
where medium and large-size species are the main targets; and 3) recreational hunting, 
which is an ancestral and traditional activity in the area. Thus, instead of measuring 
general human influences indirectly through calculating the accessibility of the forest 
patches to local villagers, as we did in our previous study (Aubad et al. submitted), here 
we explicitly focused on a direct human disturbance on bird fauna, named bird hunting. 
Thus, after a number of informal interviews with local villagers, hunters and personal 
observations conducted from October 2003 to June 2005, we generated a discrete 
ordinal variable reflecting different levels of hunting protection in the forest patches 
(hereafter Hpro). Specifically, we assigned three potential values for the variable Hpro; 
namely, 1, 3 and 5, which reflect increasing levels of protection against hunting. It is 
important to highlight that interviews and field observations reflect the presence or 
absence of surveillance by private owners or forest rangers, and accessibility to each 
forest patch for bird hunting activities. Thus, Hpro was assigned with the value 1 for forest 
patches that suffer intensive bird hunting because of their lack of surveillance and high 
accessibility; with the value 3 for forest patches that have medium-level impediments for 
bird hunting (hunting is still practiced in them but not frequently due to topographic 
constraints, or because hunters are discouraged by private owners or villagers inhabiting 
the area, or both restrictions together); and with the value 5 for patches in which 
permanent surveillance by forest rangers effectively impede bird hunting. Notice that 
additional analyses performed using different ordinal values for this variable gave virtually 
identical results (not shown), so changing the scale of Hpro does not affect the 






Forest bird data obtained for the 14 sampled forest patches (i.e. SF1 to SF14; see above) 
were used to build our predictive model of species richness. Specifically, we applied 
Generalized Linear Models (GLM) with a Poisson distribution and the log link function, to 
obtain maximum likelihood parameter estimates (Dobson, 1999) for the following 
regression equation: 
 
S = exp e (b0 + b1patch-size + b2Hpro) 
    
where S represents bird species richness, Euler’s e = 2.718…and the bs are regression 
coefficients for the intercept, patch size and hunting protection levels computed from the 
data (McCullagh and Nelder, 1989; Dobson, 1999). Prediction from this regression model 
is straightforward by introducing the desired values of the response variables (i.e. patch-
size and Hpro) into the equation and calculating the predicted species richness value (S). 
Thus, in a first step, we predicted species richness values (hereafter PSR) for the set of 
14 secondary forest patches from which we obtained the observed species richness data 
(OSR), and then performed a simple validation exercise of the model by computing the 
Pearson correlation between both richness values.  
 
The following step consisted in predicting bird species richness for both existing forest 
patches for which we had no data, and for areas that may become secondary forests in 
the future if secondary succession were allowed to progress in them. Specifically, the 
predictions included the four secondary forest fragments that remained unsampled (i.e. 
SF15 to SF18), and two additional sets of fragments that could evolve into continuous, 
old ground secondary forests: twelve arborescent pre-forestal rastrojo scrubs (coded as 
PF1 to PF12), and six complex clusters (coded as CC1 to CC6), each comprising a 
secondary forest fragment and its adjacent rastrojo patches (see fig. 2). The prediction 
process involved feeding the model with the patch size of these fragments and with a 
particular hunting protection level. For the latter, we considered two extreme hunting 
scenarios, one with minimum hunting protection (i.e. Hpro=1), and the other with 
effectively enforced protection against this activity (Hpro=5).  
 
Finally, it should be noted that all patches and clusters for which we predicted species 
richness values (i.e. SF15-SF18, PF1-PF12, and CC1-CC6) have areas that are neither 
smaller nor larger than the areas of the patches from which we obtained the data used for 
building the model (i.e. their sizes ranged between 1.6 to 180.8 ha). This is because all 
predictive exercises must be restricted to extrapolations within the range of the observed 












a) b)   
 
Figure 2. Patches in which we predicted forest bird species a) twelve pre-forestal “rastrojo” scrubs 
patches (PF1-PF12) and b) six complex clusters (CC1 to CC6), each comprising a secondary forest 
fragment and its adjacent rastrojo patches. 
 
 
Results and discussion  
 
The regression model fitted to the bird species richness data revealed a trend of richness 
to increase with patch size and the level of hunting protection (Hpro), as both variables 
showed significant, positive regression coefficients (table 1). These results are consistent 
with our previous findings showing that forest patch size and human access levels to the 
patches are key determinants of forest bird richness in this landscape (Aubad et al. in 
prep; see chapter 4). On the other hand, our model gave predicted richness values which 
were very similar to the observed ones (table 2 and fig. 3), being the correlation between 
both richnesses very high (r=0.93). This indicates that the model is robust, and suggests 
that it can be a useful tool to predict bird species richness values for unsampled or newly 
generated forest fragments in different scenarios of hunting protection.  
 
The first scenario for which we predicted species richness considered a lower level of 
hunting protection (Hpro=1). Under this scenario, model predictions of bird richness (see 
table 3) ranged from 27.9 to 28.9 species for unsampled secondary forest patches (SF15-
SF18), from 28.2 to 35 species for pre-forestal rastrojo scrubs (PF1 to PF12), and from 
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28.5 to 38.4 species for complex clusters including secondary forest patches and its 
adjacent rastrojos (CC1-CC6). The second predictive scenario considered the highest 
level of hunting protection (Hpro=5) and, as expected given the positive regression 
coefficient of this variable in the model (see table 1), the predicted richness values were 
considerably higher in this case, ranging from 46.3 to 47.9 species for secondary forest 
patches, from 46.7 to 57.9 species for pre-forestal rastrojo scrubs, and from 47.2 to 63.6 
species for forest clusters (see table 3). Put in relative terms, the lower level of hunting 
protection predicted, on average, 39.7% fewer bird species than the highest level, 





Figure 3. Observed (OSR) and predicted (PSR) species richness values for 14 patches of old 
grown secondary Andean forest. 
 
 
Table 1. Raw regression coefficients for the model fitted to forest bird species richness data 
obtained in 14 secondary Andean forest fragments. The model was fitted using Poisson errors and 
the log-link function. The standard error, Wald statistic and its corresponding p-value of each model 
parameter are also given. Patch size is a continuous variable measuring the area of each fragment. 











Intercept 3.197 0.093 1179.476 0.0000 
Patch size 0.002 0.001      6.186 0.0129 
Hpro 0.126 0.035     13.132 0.0003 
 
With regard to the effects of patch area in the predictions, these have been shown in fig. 
4. For both scenarios of hunting protection, the slope of the regression line fitted to the 
predicted richness values has positive sign; i.e. predicted richness increases with patch 
area. This was indeed expected, given the positive sign of the regression coefficient of 
patch size in the model (see table 1), and again highlights that management actions 
aimed at protecting and/or increasing the area of secondary forests in the studied 
landscape will likely benefit bird diversity (Aubad et al. in prep). Still, it is interesting to 
note that, consistent with the non-additive nature of the regression model we used to 
generate our predictions, the regression line corresponding to the scenario with the 
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highest level of hunting protection (Hpro=5) has a steeper, positive slope (0.10) than that 
corresponding to the scenario with minimum protection (Hpro=2; slope=0.06). This 
suggests that, if management not only attained to increase forested areas, but also 
restrained hunting effectively the beneficial effects for bird richness would be higher. This 
indeed constitutes an interesting, practical message for the conservation of the studied 
landscape. 
 
Table 2. Observed (OSR) and predicted species richness (PSR) values for the fourteen secondary 
forest fragments (SF1 to SF14) surveyed in this study. The fragments are arranged according to 
decreasing area values. The level of hunting protection (Hpro) of each fragment is also given, with 
5 indicating the highest level of protection (see text). 
 
Fragment code OSR PSR Patch-size (ha) Hpro 
SF1 47.0 50.1 180.8 3 
SF2 34.0 36.5 147.0 1 
SF3 39.0 36.0 138.9 1 
SF4 33.0 32.9 90.9 1 
SF5 36.0 32.5 85.1 1 
SF6 33.0 31.8 72.0 1 
SF7 32.0 29.5 32.6 1 
SF8 28.0 29.3 28.3 1 
SF9 41.0 37.6 27.6 3 
SF10 29.0 28.7 18.3 1 
SF11 47.0 47.1 13.6 5 
SF12 29.0 28.1 6.7 1 
SF13 24.0 28.0 4.9 1 
SF14 24.0 27.8 1.6 1 
 
On the other hand, owing to modeling restrictions, we did not extrapolated to forest 
fragments or forest-rastrojo clusters larger than 181 ha, which is the maximum size within 
the range of patches used for model building. However, it should be noted that our field 
sampling detected 58 forest bird species in the whole landscape, a number of species 
that coincides with the richness values predicted by our model for forest patches having 
the maximum level of protection against hunting (Hpro=5) and with a size of about 120 
ha. On the other hand, for the largest complex clusters (secondary forest+pre-forestal), 
our model predicted even a higher richness value (up to 63.6 species for the largest one; 
see table 3), which could be an unrealistic prediction as it implies that new species should 
be able to arrive to this landscape. Whether or not this is possible cannot be investigated 
with the data at hand, although there is some evidence that, if we had considered a larger 
region, the number of Andean forest birds in our database would have been higher. For 
example, a historical review made by Castaño and Patiño (2000) reported that a total of 
54 additional forest species were present in this area before forest loss and fragmentation 
became as severe as it was during the last century. Moreover, according to the records 
being kept by the Ornithological Society of Antioquia (SAO; www.sao.org.co) most of 
these species are still present in the region, which means that they could potentially 





Table 3. Predicted bird species richness (PSR) for three different types of landscape fragments 
occurring in the study area in two scenarios of bird hunting protection, minimum (Hpro=1) and 
maximum (Hpro=5). Secondary forest fragments (SF15-SF18) are similar to those fragments 
sampled in this study. Predictions for pre-forestal rastrojo scrubs (PF1-PF12) and complex clusters 
(CC1-CC6) reflect a situation in which rastrojos would be allowed to evolve into old-grown 
secondary forests. 
 
PSR Fragment type Fragment code Patch-size (ha) 
Hpro=1 Hpro=5 
Secondary forest    
 SF15 15.57 28.6 47.3 
 SF16 13.75 28.5 47.2 
 SF17 6.80 28.1 46.5 
 SF18 3.67 27.9 46.3 
Pre-forestal rastrojo scrub    
 PF1 123.37 35.0 57.9 
 PF2 37.76 29.8 49.3 
 PF3 26.49 29.2 48.3 
 PF4 23.72 29.0 48.0 
 PF5 23.33 29.0 48.0 
 PF6 17.07 28.7 47.5 
 PF7 15.22 28.6 47.3 
 PF8 13.08 28.4 47.1 
 PF9 12.98 28.4 47.1 
 PF10 12.65 28.4 47.1 
 PF11 11.59 28.4 47.0 
 PF12 7.95 28.2 46.7 
Complex cluster (secondary forest+pre-forestal rastrojo) 
 CC1 173.30 38.4 63.6 
 CC2 77.44 32.1 53.1 
 CC3 67.24 31.5 52.1 
 CC4 58.75 31.0 51.3 
 CC5 17.39 28.7 47.5 
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Along these lines, the previous reasoning is also consistent with the fact that large 
remnants of contiguous Andean forest still exist in the region, and with the numerous 
scientific evidences that have shown that continuous forest areas contain species that 
fragmented forests do not (Bierregaard and Lovejoy, 1989; Bierregaard and Stouffer, 
1997; Renjifo, 1999). The loss and fragmentation of natural habitats are especially 
detrimental for species with small geographic ranges and species that need large 
continuous forested areas to migrate (following phenological processes) (Bierregaard and 
Lovejoy, 1989; Renjifo, 1999). Also, in small forest patches, forest bird species that are 
habitat-specialists are frequently replaced by habitat generalists and border species 
(Terborgh and Winter, 1980; Kattan, 1997). Consequently, the maintenance and recovery 
of larger forest clusters are commonly viewed as key for preserving bird species that 
require vast extensions of habitat, as well as for improving species richness by providing 
habitat for those species that are locally extinct but are still present in neighboring 
forested areas (Terborgh and Winter, 1980; Boutin and Hebert, 2002 and references 
therein). This could well happen in the studied landscape if adequate forest 
conservation/restoration actions were made. Still, whether or not new forest bird species 
will arrive to this area after taking these actions (e.g. such as those derived from 
interpreting our model predictions) is a question that will remain open until these actions 





Figure 4.  Relationships between predicted species richness (PSR) and patch size (ha) for the 
fragments SF1 to SF14 described in Table 3, and considering two scenarios of hunting protection, 
minimun (Hpro=1; Mod 1) and maximum (Hpro=5; Mod 2).  
 
 
To summarize, we have performed a modelling exercise based on data that we collected 
on the existing secondary forest patches of an Andean landscape, and that was aimed to 
predict forest bird richness in situations in which more and larger forest patches are 
allowed to appear under different levels of bird hunting protection. Our results indicate 
that adequate conservation initiatives should not only protect existing secondary forests, 
but also facilitate that more areas of this landscape become secondary forests. Also, our 
predictions support that, if illegal bird hunting was effectively prevented by local 
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authorities, forest bird species richness is likely to react positively. Finally, this study 
illustrates how simple modelling exercises of species richness may allow deriving useful 
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In this study we focus on the quantification of the linking processes that support forest 
patch connectivity. We used GIS friction maps based on field data surveys of forest bird 
species richness. These friction maps provided a close up view of the advantages and 
impediments that landscape structure offers to a target group of species. In order to 
facilitate comparisons between the connectivity of different forest patches we generated 
two different scenarios defined as 2001 and 2001+20. Upon these scenarios we applied 
a bidirectional cost distance approach, a least cost tool that assists in the assessment of 
the most suitable connectivity route. Next, using the minimum bidirectional cost distance 
route we calculated the most adequate corridors that connect forest patches under 
designated settings. The development of several connectivity models in terms of forest 
bird species richness allowed the quantitative comparison of different approaches for the 
connection of forest patches. To measure connectivity by using friction maps based on 
bird surveys was an accurate way to assess forest patch connectivity at the landscape 
scale, providing remarkable potentialities not only for conservation but also for landscape 
planning and management.  
 
Keywords: Cost distance, corridors, bird species, Andes, Colombia, habitat 




Habitat fragmentation and consequent patch isolation have been identified as one of the 
major drivers of the decline and extinction of species populations (Faaborg et al., 1995, 
Lindenmayer and Possingham, 1996; Hanski, 1999a; Fauth et al., 2000; Cushman, 2006; 
Cagnolo et al, 2006). In the search for both theoretical and practical solutions to biological 
richness loss, ecologists introduced the connectivity concept, which is used in landscape 
and metapopulation ecology (MacArthur and Wilson, 1967; Lindenmayer and 
Possingham 1996; With et al. 1997; Moilanen and Hanski, 2001). Landscape connectivity 
is defined as the degree to which the landscape facilitates or impedes movement among 
resource patches (Tichendorf and Fahrig, 2000a; McGarigal and Cushman, 2002; 
Adriaensen et al., 2003), including functional relationships between habitat patches that 
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arise due to the spatial contagion of habitats and movement responses of organisms to 
landscape structure (Wiens, 1997; With et al., 1997; Ricketts, 2001; Moilanen and 
Nieminen, 2002). Connectivity has been estimated by counting immigrants into habitat 
patches (Demers et al., 1995, Schumaker, 1996), by comparing movement frequencies 
between different observation points (Pither and Taylor 1998), by calculating the cost to 
move between patches (Ruckelshaus et al., 1997; Tichendorf and Fahrig, 2000b; 
Moilanen and Hanski, 2001) and by weighting distances between points in a landscape 
(Petit and Burel 1998; Adriaensen et al., 2003).  
 
The connectivity concept is divided into structural and functional connectivity, where 
structure is related to the contiguous habitat and measured independently of species 
attributes (Collinge and Forman, 1998). Generally, structural connectivity has been 
associated to different land cover types, water bodies and linear structures. Numerous 
studies have demonstrated the importance of structural corridors to facilitate patch fluxes 
that diminish isolation effects in the landscape (Sutcliffe and Thomas, 1996; Bennett, 
1999; King and With, 2002; Moilanen and Nieminen, 2002; Rizkalla and Swihart, 2007; 
LaRue and Nielsen, 2008). On the other hand, functional connectivity has been defined 
as the possibility to establish fluxes taking into account the organism’s response to 
landscape structure, their ability to move not only within the habitat but also in the matrix, 
and the increase or decrease of mortality rates (Forman 1995; Sakai and Noon, 1997). 
Isolation is also related to functional connectivity, which is determined by immigration 
rates, with low rates implying high isolation. Although structural connectivity does not 
imply functional connection, in some cases (depending on species attributes) structural 
and functional connectivity can be associated (Tichendorf and Fahrig, 2000a; Vos et al., 
2002; Vogt et al., 2007). This is the case when species disperse through continuous 
habitats or corridors, basing this idea on percolation models (Gardner et al., 1987). 
 
For connectivity evaluation, least-cost procedures derived from graph theory, have been 
incorporating geographical information as well as behavioral aspects (Villalba et al., 1998; 
Urban and Keitt, 2001, Ferreras, 2001; Michels et al., 2001; Schadt et al., 2002; 
Adriaensen et al., 2003; Sutcliffe et al., 2003; Pinto and Keitt, 2009). Least-cost 
procedures, applied in both research and environmental management, facilitate the 
identification of the best route (connecting grid-cells) that maximizes permeability 
between two sites (Drielsma et al., 2007).  
 
Among least-cost tools, we applied the bidirectional cost distance model (BCD hereafter), 
an expansion of the cost-distance algorithm. The cost distance algorithm models the 
dispersal of an entity over an intricate friction surface such as a landscape. The 
bidirectional cost distance (BCD) is described as the sum of a cost-map from one source 
to a second source and vice versa. The result is a continuous raster map with a main 
route created using the lowest cost values. This route is called main BCD route. In this 
model it is assumed that the cost of moving between patches is independent from 
direction. Pixels from BCD models with the lowest values will define the way in which 
both sources are connected with the minimum BCD. The cost distance algorithm always 
minimizes the cost-distance value from a source patch (Martínez, 2006; Rodriguez-
Gonzales et al., 2008).  
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The aim of this research is to test the robustness of the BCD model when applied to 
forest bird species richness in an Andean landscape. We used for this purpose a 2002 
land cover data and a hypothetical future scenario based on potential changes derived 
from current land use trends. In this research we want to determine an accurate way of 
quantifying and comparing the landscape connectivity alternatives using field data. The 
model is both qualitative and quantitative, and could be a useful tool for the establishment 
and design of ecological networks. Along with this, the focal analysis of a specific group 
of species is fundamental for testing connectivity due to the different spatial perception of 
the organisms (O´Neill et al., 1988; Graham, 2001). Fragmentation processes have been 
associated with the decrease of bird species richness (Opdam, 1991; Santos et al., 
2002), especially for woodland interior birds (Opdam et al.,1985). Diverse studies have 
used bird species to test connectivity (With et al., 1999; Belisle et al., 2001; Coppedge et 
al., 2001; Martensen et al., 2008). However, there are few studies in tropical mountain 
forests (Graham and Blake, 2001), where forest areas have been destroyed at a high rate 
despite being considered key spots of biodiversity (Mittermeier et al., 2000; Hawkins et 




Study area  
 
The studied landscape is located in the Central Andean Mountains in the state of 
Antioquia, Colombia. Because of its location and spatial configuration, the landscape 
constitutes a green mountain barrier between two inter-Andean valleys (Aburrá and 
Rionegro). Elevation ranges from 1800 to 2700 m, with low hills in the central area, and 
high elevations in its surroundings. Potential vegetation is that characteristic of tropical 
mountain forests, commonly known as cloud forests. The landscape is characterized by a 
heterogeneous land cover distribution, according to the spatial and typological resolution 
of the land cover dataset  (Corantioquia-UN, 2002) (fig. 1). Landscape structure includes 
patches of secondary forest, two other types of secondary growths (scrubs and 
arborescent pre-forestal formations locally known as "rastrojos"), forest plantations (with 
exotic species), household crops and small villages with rural infrastructures, all 
embedded in a grassland matrix. The proximity to the state’s capital city (Medellín), and 
its suburbs, makes this landscape attractive not only for conservation but also for 
recreation and food production. Currently, the area is considered of conservation interest 
by the regional government (Corantioquia-UN, 2002). 
 
Establishment of scenarios  
 
For the establishment of two different scenarios we used a digital cartography database 
developed by the Corantioquia-UN (2002) and the ArcView 3.2 extension Spatial Analyst 
(ESRI, 1996) combined with the spatial pattern analysis program for categorical maps, 
FRAGSTATS 3.3 (McGarigal et al., 2002). The two different scenarios enable the 
comparison of connectivity alternatives once they have been quantified. The first scenario 
represents land cover types present in 2001, while the second one (2001+20) represents 
a hypothetical land cover map that includes land cover changes that might happen if 
conservation concerns arosen in 2001 persisted until 2020. Differences between 
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scenarios are evident in terms of forest cover, as the 2001+20 scenario includes those 
forests existing in 2001 plus the “late secondary growth” class, assuming that secondary 
succession will result in that some non-forest formations (e.g scrubs or rastrojos) evolve 
into additional secondary forests. Besides species richness, differences between forest 
and arborescent pre-forestal formations, are structural. Woody vegetation in the forest 
class has an average diameter at breast height (DBH) of 6.5 cm while that included in the 
arborescent pre-forestal formations has a DBH of 4.9 cm (Aubad et al., 2008). It is 
expected that all forest will be protected since public property patches are under some 
kind of preservation status and private patches are under free taxation incentives and 
personal protection interests. We also assumed that those land cover classes considered 
as economically productive (crops, grasslands and forest plantations) will remain in the 
same class, since they play an essential role in the local economy. The same situation is 
expected for the early secondary growth class, because these areas correspond to 
periodic crop rotations and temporarily abandoned lands.  
 
Bird sampling and friction maps 
 
Field work to assess forest bird species richness in five land cover classes (namely, 
secondary forest, scrubs, arborescent pre-forestal formations, forest plantations and 
grasslands) was conducted from August 2004 to September 2005 using point counts and 
capture-recapture techniques, both standardized survey techniques commonly used in 
ornithological studies. For point counts we randomly established ten plots separated at 
least 200 m from each other in each land cover class. We used these 30 m radius plots to 
survey all bird species that were seen or heard during 15 minutes, not taking into account 
neither species that just overfly the forest nor Nearctic migratory species, due to their 
recognized dispersal ability. We complemented the surveys with mist-nettings, using 12 
m long and 30 mm mesh-nylon nets. This survey technique allows the capture and 
marking of forest bird species, including those missed during the plot surveys due to their 
quiet behavior. In each patch of the five land cover classes surveyed we established five 
nets during eleven continuous hours (from 6:00 to 17:00 GTM) until the sampling effort 
reached 770 hours per net. Nets were placed 30-50 m apart from each other, establishing 
a line that started 100 m from the edge, and extended towards the center of the patch (to 
avoid catching outsider species). Previously, we randomly located each line of nets using 
a land cover map.  
 
The quantification of forest bird species present in each land cover class is fundamental 
for the generation of the friction maps used for least-cost procedures. We assigned a 
friction value to each land cover class according to its corresponding forest bird species 
richness (the sum of all bird species recorded in each land cover). The value represents 
the suitability of each land cover unit to support forest bird species and the advantages 
and impediments they offer for bird movement. Friction maps are raster maps where 
each pixel or cell (here we used an equal area grid composed by square cells of 50 x 50 
m) has a resistance value and the cost of crossing them from a source to a target can be 
calculated by adding the values of all cells crossed (Bunn et al., 2000; Adriaensen et al., 
2003). The friction surface cost is based on the idea that low-quality habitats have higher 
cost in terms of risks and energy balance (Hartley and Aplet, 2001). Hence, we finally 
created a resistance index expressing the resistance value of each land cover type, as: 





where N=(ni/nt); being ni the number of forest bird species registered in land cover class i; 
and nt the total number of forest bird species.  
 
Consequently, except for some cases that we outline below, all the cells corresponding to 
a particular land cover type were assigned with the same resistance value, which ranged 
from 0 for the most suitable land cover type for forest bird species (secondary forest), to 
100 for the least suitable one (grassland). In all cases, the exceptions corresponded to 
the cells included within two types of buffer zones, one around villages (buffer=500 m) 
and the other bordering the main roads (buffer=100 m). For these cells, we stipulated that 
species richness were 10% lower that in the rest of the land cover class, to simulate edge 
effects.  
 
Structural vs. functional connectivity  
 
To verify if functional and structural connectivity are associated, we used previous 
research results that searched for drivers of forest bird species richness in this study 
area. Explanatory variables of patch size, shape, isolation and human access were used 
for the modelling process, where all possible models were evaluated using generalized 
linear models (GLMs) and the Akaike information criterion (AIC) (Aubad et al., in 
preparation). According to this research, the best model included patch-size and human 
access. This model suggests that forest bird species as a group, depend mainly on 
continuous forest areas since no variables of connectivity were included. Therefore, we 
assumed that functional connectivity is associated to structural connectivity since patch 
area is the main landscape structure driver. 
 
Cost distance models  
 
In cost distance models, cost functions are similar to Euclidean functions. However, 
rather than calculating the actual distance from one point to another, cost functions 
determine the shortest weighted distance (or accumulated travel cost) from each cell to 
the nearest cell in the set of source cells. Weighted distance functions apply distance in 
cost-units, not in geographic units (Martínez, 2006). A cost surface is calculated, which 
yields isolines of minimal equal travel cost, from a single point or patch in the landscape 
to the surroundings of this point or patch. Each isoline n+1 adds the cost from isoline n to 
isoline n+1 to the already existing cost from the starting point to isoline n. The shape of 
the isoline is determined by the topology of the movement resistance values in the 
landscape. The model retains the lowest possible cost-distance route from a core point to 
any other point. In general, there will be no more than one route that allows the lowest 
cost-distance model with respect to all other possible routes (Walker et al., 2007). This 
model can also be used to obtain a general illustration of the degree of isolation of 
different patches in a landscape: those with lower resistance values around them will 







Among cost distance models, Bidirectional cost distance models also yield alternative 
corridors between sources, but with higher cost. A route that connects forest patches 
facilitates functional linkage between them, while the presence of secondary routes not 
only enhances connectivity, but also enhances landscape stability. In the bidirectional 
approach, the route is the central streamline, with varying width depending on the 
topology of the landscape. Thin route-like features appear when the cost route runs over 
relatively high resistance surfaces. Broader route-like features appear when surfaces to 
be crossed have homogeneous, low resistance values. These characteristics make the 
bidirectional cost distance calculation a simple but effective method with a unique 
analytical solution of quantitative nature. The quantification of the resulting connectivity 
maps has been shown to be a very useful way to compare scenarios (Martínez, 2006). 
 
We applied least-cost models using the Spatial Analyst extension of ArcView 3.2. The 
model is supported by an algorithm with eight neighbor cells, which even allows diagonal 
movements (Villalba et al., 1998; Adriaensen et al., 2003). We calculated the spatial 
model of BCD routes to compare the 2001 and 2001+20 scenarios using two different 
types of maps for the input model: a forest source map and a friction map. The source 
maps illustrate two forest patches chosen given their location at opposite sides of the 
study landscape. The output image of the cost distance analysis is a cost-map with 
values that surround the specific sources, where the value of each cell represents 
distance to the source and displacement effort. (Villalba et al., 1998; Ferreras, 2001; 
Adriaensen et al., 2003). A maximum cost distance threshold of 15% was set for the BCD 
route, with which we assumed that forest bird species are more restricted to move into 
the landscape. Routes with higher values were therefore not considered as secondary 
routes. Also, the differences between different BCD routes were quantified in BCD units, 




Based on BCD routes, we created maps with the most suitable corridor, which includes a 
core-area of at least 100 m to represent an interior forest environment that provides 
habitat and facilitates dispersion for forest bird species. Therefore, we proposed corridors 
at least 300 m wide, assuming at least 100 m along both sides of the corridor as the 
border effect (Gates and Giffen, 1991; Ortega and Capen, 2002) We developed minimum 
BCD corridors to establish structural and functional connectivity between forest sources. 
The minimum BCD corridors are quantified by comparing the total cost distance of each 
corridor and the associated habitat-corridor area. The quantification of minimum BCD 
corridors is a very useful tool for landscape planning because it enables the discovery of 











Comparing the 2001 and 2001+20 scenarios, there is a 9.7% increase of the secondary 
forest class, from 818.74 ha in 2001 to 1938.49 ha in 2001+20. This larger forest surface 
also results in a increase in the number of forest patches (from 18 to 38) and in their 
mean patch size (from 45.49 ha to 51.01 ha).  
 
Total bird species recorded inside forest patches, discarding all migratory and 
widespread species, was 58. Based on the species richness data of each land cover 
class (table 1), we assessed all land cover friction values. The quantification of landscape 
friction (the sum of the friction values of all pixels in each scenario) shows a moderate 
decrease in friction from 1,123,884 in 2001 to 1,122,387 in 2001+20 due to the increase 
in cover of the forest class.   
 
Fig. 1. Friction maps for 2001 (left) and 2001+20 (right) scenarios. Maps were generated according 
to land cover classes and their (respective) species richness. Lower resistance values indicate 
more suitable areas, with zero reflecting the best ones for forest bird species (dark green). Higher 












Table. 1.  













Resulting BCD routes and especially the main BCD route (darker route), are 
quantitatively and visually clear to identify in each scenario (fig. 2). Comparing both 
scenarios the minimum 2001 BCD route starts from nearly 500,000 cost-units, whereas 
the 2001+20 BCD route starts from close to 300,000 cost-units. Also, variations between 
different BCD routes were quantified as an accessibility surface (fig. 3), and compared 
with the main BCD routes of each scenario. When contrasting BCD routes to achieve 
accessible surfaces that reach 10,000 pixels, cost-units have to increase by almost 50% 
in 2001 compared with the 2001+20 scenario.  
 
Secondary routes, i.e. those routes that connect source patches but with higher BCD 
than the main BCD route, were not significant under any scenario. That is, all calculated 
secondary routes had BCD values higher than 30%, in contrast to the main route where 
BCD values were always lower than the maximum threshold that had been established 
beforehand (15%). It is important to consider that for both scenarios, when the BCD 
threshold increases, there is a tendency to obtain wider routes rather than secondary 
routes due to the topological and land cover arrangement of the landscape. 
 





Secondary forest  58 0 
Scrub 37 36 
Pre-forestal formation 16 72 
Forest plantation 12 79 
Grassland 9 84 




Fig. 2. Resulting BCD routes and main BCD route (lower cost-units) for scenarios 2001 (left) and 
2001+20 (right). Darker routes represent the most accessible surfaces whereas lighter routes the 
least accessible surfaces for forest bird species. 
 
Fig. 3. Accessibility surface calculated for the different BCD routes under each scenario.  
 
When comparing the cost of linking forest patch sources in each scenario, BCD corridors 
decrease from 2,477,732 cost-units in 2001 to 2,302,317 cost-units in 2001+20, which 
represents a 7.1% reduction, despite of the corridors being 14.7% larger (81.09 ha) and 
19% longer (3682m) in 2001+20 than in 2001. The total length of the minimum 2001+20 
corridor is 23,028 m encompassing 631.93 ha, whereas the minimum corridor for the 
2001 scenario is shorter (19,346 m) and extends over a smaller area (550.84 ha) (fig. 4). 
The accumulative BCD curve (fig. 5) represents the cost of each minimum corridor in 
both scenarios. Also fig. 5 illustrates the presence of bottlenecks in each corridor, as in 
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the first section of the 2001 corridor where the cost of the first 5000 m was almost 1000 
cost-units. In contrast, the 2001+20 corridor reached the same 1000 cost-units after 
connecting 17,000 m, which is three times the length connected with the same cost-units 
by the 2001 corridor. On the other hand, the 2001+20 corridor faces a strong bottleneck 
when at about 200 m it increases from 1000 to 1600 cost-units.  
 
Fig. 4. Minimum BCD corridors for scenarios 2001 (left) and 2001+20 (right). Dark blue areas 
represent the most suitable corridor sections while red indicates the least suitable corridor section 




Fig. 5. Cumulative BCD curves for the minimum corridors in the 2001 (dark grey) and the 2001+20 
(light grey) scenarios. 




Landscape connectivity takes into account, among the matrix permeability, the network 
density (Termorshuizen et al., 2007). Within the study area, secondary BCD routes were 
not significant under the defined 15% threshold (in comparison with the main BCD route). 
The absence of alternative routes in this landscape illustrates the system’s fragility, 
because of its restricted connectivity structure (network density). Also, the quantitative 
comparison between both scenarios allowed the determination of the best corridor 
alternative for long-term conservation actions. To develop a more robust connectivity 
arrangement, the design of alternative corridors must be considered. Taking into account 
that the 15% threshold is a theoretical value and was defined for practical reasons, 
increasing this threshold to about 30% will facilitate the detection of other BCD routes that 
will operate as a base for future networks. However, the establishment of any of these 
network arrangements will need the consideration of several different land cover 
changes.  
 
On the other hand, our results highlight the importance of developing the main BCD 
corridor, since no other potential connectivity paths were found. It is expected that all 
connectivity efforts will reduce the detrimental effects of fragmentation for local 
biodiversity (Kirby, 1995; Peterken, 2002), facilitating the planning of a sustainable 
landscape arrangement based on the preservation of its biodiversity (Termorshuizen et 
al., 2007; Opdam et al., 2006). In spite of this, it is not apparent how connectivity as such 
improves biodiversity. In fact there is little firm empirical evidence that species increase 
following attempts to increase connectivity (Fahrig, 2001; Bailey, 2007). Hence, 
motivations for improving connectivity must be associated with the interest to preserve 
the ecological functions of the landscape (Termorshuizen et al, 2007) and to protect 
current local and regional biodiversity from depletion by avoiding long-term isolation 
effects. 
 
Resulting BCD corridors in each scenario were important tools to visualize and measure 
the most suitable way to link forest sources. Also, BCD corridors were an excellent 
procedure to detect bottlenecks in the linking process facilitating both, functional and 
structural connectivity. The detection of bottlenecks turns into one of the most remarkable 
products delivered by the BCD models that easily and reliably reveal the flaws of the 
landscape structure that hinder patch connectivity under given conditions. Conversely, 
BCD corridors may function as conduits for the targeted species as well as for 
undesirable species, predators or disease spread (Hess, 1994). Positive BCD corridor 
effects are related with connectivity improvements, as well as with habitat enhancement, 
as new interior habitat surfaces were adjoined creating larger continuous suitable areas 
for the forest bird species community. Furthermore, BCD corridors developed for the 
study area were sufficiently wide to maintain interior habitat quality for birds all along and 
were as wide as possible in some sections increasing the likelihood of dispersal 
(Lindenmayer et al., 1993; Bennett, 2003).   
 
Since landscape ecological functions depend on, in addition to area, habitat connectivity 
(Soulé and Terborgh, 1999; Opdam et al., 2003; Termorshuizen et al, 2007), the 
identification of all potential linking options has to be one of the priorities in landscape 
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management. Connectivity likelihood is related with the degree to which the landscape 
facilitates or impedes ecological flows as defined by Taylor et al. (1993) (se also 
Tichendorf and Fahrig, 2000a; McGarigal and Cushman, 2002; Adriaensen et al., 2003). 
Landscape connectivity likelihood was assessed using field data, which made possible 
the evaluation of scenarios, without directly quantify dispersal success (Tichendorf and 
Fahrig, 2000b). Results from this study indicate that the BCD procedure is an easy and 
useful approach to evaluate the linking process at the landscape level.  
 
Landscape conservation plans, as assumed in the 2001+20 scenario, correspond to the 
current regional government conservation strategy and represent a significant 
improvement in connectivity likelihood with an optimistic forecast based on the 
connectivity enhancement of this future regional protected area. The use of field data 
supported the creation of reliable friction maps for generating all different connectivity 
approaches. Since landscape structure suitability for forest bird species was accurately 
measured, many assumptions about species constraints were discarded. BCD 
approaches facilitate the quantification of optimal connectivity routes and generate the 
most suitable corridor to join forest patches. In the light of these results we conclude that 
our efforts to measure connectivity by using friction maps based on our bird surveys were 
an accurate way to assess forest patch connectivity at the landscape scale. Given the 
convenience of this procedure to design corridors, our results show that BCD approaches 
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Síntesis y Conclusiones 
 
 
En esta tesis doctoral se analizaron las riquezas de especies de árboles y aves 
forestales y su relación con influencias humanas directas (e.g. tala y caza ilegales) e 
indirectas (las ocurridas a través de la modificación de la estructura del paisaje) en 
fragmentos de bosque natural secundario en un paisaje Andino de Colombia. Además de 
proporcionar resultados que permiten avanzar en el conocimiento científico de estas 
relaciones en un tipo de ecosistema poco estudiado, esta tesis ofrece alternativas para el 
establecimiento de un paisaje ecológicamente sostenible que permita la conservación de 
la biodiversidad a escala local. 
 
La influencia de la estructura espacial del hábitat sobre la diversidad está especialmente 
enmarcada dentro de la teoría de biogeografía de islas. Desde su formulación en 1967 
por MacArthur y Wilson, esta teoría ha sido ampliamente estudiada y corroborada en 
diferentes ambientes, incluyendo hábitats fragmentados en diversos lugares del mundo. 
Estos estudios tienen en consideración la relación entre el grado de aislamiento de los 
parches (o islas), el tamaño del parche y la riqueza de especies. Durante el presente 
estudio se analizó como en un paisaje altamente fragmentado y bajo fuertes influencias 
humanas, los remanentes de bosque se ven expuestos a alteraciones que interfieren con 
su capacidad para albergar especies de acuerdo con su tamaño y grado de aislamiento. 
Como principal resultado de esta tesis doctoral se destaca que las influencias humanas 
directas interfieren sobre la expresión de las variables espaciales del paisaje, y en 
especial con la influencia ejercida por el tamaño del hábitat sobre la diversidad, lo que 
resulta llamativo dado que el tamaño del hábitat ha sido reportado como un predictor 
clave de la diversidad. Por otra parte, sobresale que el grado de aislamiento de los 
fragmentos de bosque, estimado principalmente como la distancia al vecino más 
cercano, no es un factor relevante como predictor de la riqueza de especies, siendo esto 
contrario a lo descrito por la teoría de biogeografía de islas. Nuestros resultados sugieren 
que las influencias humanas directas sobre las riquezas de árboles (tala) y aves (caza) 
pueden estar obscureciendo los posibles efectos del aislamiento sobre la diversidad, 
hasta el punto de hacerlos irrelevantes y, por lo tanto, indetectables para estudios de 
fragmentación.  
 
El desarrollo del capítulo 3 de esta tesis doctoral, permite concluir que la presencia de 
tala ilegal como alternativa de combustible en los hogares rurales, disminuye tanto la 
riqueza total de especies de plantas como la riqueza de especies pertenecientes a las 
fases tempranas y tardías de la sucesión natural en los fragmentos de bosque 
secundario. Este efecto convierte la tala ilegal en el más importante predictor de la 
variación de la riqueza de especies a lo largo de los fragmentos de bosque. Igualmente, 
los resultados obtenidos indican que la estructura del paisaje juega un papel secundario 
determinando tanto la riqueza total de especies de plantas como de las pertenecientes a 
etapas tempranas y tardías de la sucesión. Adicionalmente, el fuerte impacto negativo 
que tiene la tala ilegal sobre la riqueza de especies de árboles pertenecientes a la fase 
tardía (madura) hace que retroceda la sucesión vegetal del bosque hacía etapas más 
tempranas. Este estudio documenta (por primera vez hasta dónde hemos podido 
investigar) la importancia relativa que tiene la tala ilegal para consumo en los hogares 
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rurales en comparación con los efectos de la estructura del paisaje sobre la riqueza de 
especies de árboles. Nuestros resultados enfatizan la necesidad de considerar esta tala 
ilegal en investigaciones e iniciativas de conservación relacionadas con la riqueza de 
especies de árboles en paisajes tropicales altamente fragmentados. 
  
En el capítulo 4 de esta tesis doctoral se estableció que el tamaño de los parches de 
bosque natural secundario y la accesibilidad humana a los mismos fueron los principales 
predictores de la riqueza de especies de aves, donde la riqueza tiende a incrementarse 
conforme los parches se hacen más grandes y menos accesibles. La asociación positiva 
entre la riqueza de especies de aves y el área de los parches esta en concordancia con 
la bien conocida relación especies-área, mientras la asociación negativa con la 
accesibilidad humana es interpretada como una consecuencia de impactos humanos 
directos (incluida la caza ilegal de aves). Del presente capítulo se concluye entonces que 
la perturbación humana al interior de los fragmentos de bosque es una variable tan 
relevante para la riqueza de especies como las expresiones del paisaje y especialmente 
como el tamaño de los parches, uno de los fundamentos de la teoría de biogeografía de 
islas. 
 
El uso de modelos predictivos empleados en el capítulo 5, permitió mostrar tanto el 
efecto positivo que tiene el tamaño de los fragmentos sobre la diversidad, como el efecto 
negativo de la caza ilegal de aves, incluso hasta el punto de predecir la posible 
incorporación de nuevas especies de aves del bosque en el área de estudio si se 
emprendiesen acciones de conservación encaminadas a incrementar la superficie 
forestal y evitar la caza. Dado que estas predicciones se obtuvieron considerando 
escenarios realistas de aparición de nuevos fragmentos basados en el avance de la 
sucesión natural del bosque (provenientes de las actuales formaciones preforestales o 
"rastrojos"), los resultados obtenidos tienen el potencial de ser aplicados en las 
iniciativas de conservación que se vienen desarrollando en la zona. De otro lado, la 
estrategia de modelación desarrollada aquí puede ser replicada en otros paisajes 
fragmentados con vistas a proporcionar bases para su manejo y conservación. 
 
Tal y como se ha indicado anteriormente, el grado de aislamiento y conectividad de los 
fragmentos de bosque no se han manifestado como condicionantes relevantes de la 
diversidad en el paisaje estudiado. No obstante, consideramos que esto puede tener 
más que ver con la incidencia actual de influencias humanas directas (tala ilegal de 
pequeña escala en el caso de la riqueza de árboles, y caza ilegal en el caso de las 
aves), que con posibles características particulares de este ecosistema, que le harían un 
caso especial respecto a lo que suele ser común en paisajes fragmentados; es decir, que 
aislamiento y conectividad jueguen un papel clave como determinantes de la diversidad, 
tal y como indica la teoría biogeográfica de islas. De ser cierta esta consideración, 
entonces la supresión de dichas actividades humanas debería provocar que aislamiento 
y conectividad comenzasen a contar como elementos condicionantes de la diversidad, 
una posibilidad que teóricamente es posible pero que no puede ser evaluada con los 
datos actuales. En cualquier caso, adelantándonos a ese posible efecto, y con vistas a 
proporcionar un marco de referencia lo más completo posible para futuras acciones de 
conservación, en el capítulo 6 hemos realizado, a una escala de paisaje, una 
comparación cuantitativa de diferentes aproximaciones de conectividad de los 
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fragmentos de bosque natural secundario. Esta propuesta, basada en modelos de menor 
coste de distancia y en el uso de mapas de fricción desarrollados con base en datos de 
riquezas de aves, facilita la estimación de la conectividad permitiendo el diseño de rutas 
y corredores que favorezcan tanto la conectividad estructural como la funcional. 
Igualmente, los resultados obtenidos permiten de manera cuantitativa detectar los 
potenciales obstáculos en la matriz que generan cuellos de botella en los esfuerzos de 
conectividad. Los resultados obtenidos en este capítulo ofrecen destacadas 
potencialidades tanto con propósitos de conservación, como en el manejo y la 
planificación de paisajes. 
 
Desde una perspectiva de conservación, los resultados de la presente tesis doctoral 
permiten reflexionar sobre las medidas establecidas local y regionalmente para mitigar la 
presión sobre los remanentes de bosque natural. Debido a la ausencia de asistencias 
económicas a la población desempleada, iniciativas como aumentar la cobertura en el 
suministro de energía eléctrica en zonas rurales no son suficientes para erradicar la 
extracción de madera como combustible doméstico. Unido a esto, el ofrecimiento a las 
familias con menores ingresos económicos de subsidios directos al consumo eléctrico 
(provenientes del gobierno) y cruzados (provenientes de la sobretasa a los demás 
usuarios), debería permitir que el pago mínimo estipulado (50% del consumo de 
subsistencia1) satisfaga los requerimientos energéticos de estas familias. Actualmente el 
consumo de subsistencia (CS) esta definido en 200k Wh/mes1, lo cual, según observado 
en campo no satisface las necesidades energéticas básicas de las familias que están por 
encima del promedio rural colombiano (4.4 personas por hogar1). Un aumento en el 
porcentaje de CS subsidiado podría evitar tanto la alternación del uso de energías 
proveniente del sistema (red eléctrica) con la obtenida mediante la extracción de 
maderas para no exceder el consumo máximo subsidiado. Igualmente estas medidas 
servirían como paliativos a la caza con fines de lucro, la cual debido a los riesgos legales 
que implica, se realiza principalmente con fines de subsistencia (para la compra de 
alimentos y el pago del 50% correspondiente al CS) durante las épocas de mayores 
dificultades económicas. Igualmente, el desarrollo de campañas de educación ambiental, 
como las que se han venido desarrollando desde hace varios años en la región, 
contribuyen enormemente a desarraigar prácticas como la caza, la cual obedece más a 
una antigua costumbre que a satisfacer necesidades alimenticias de la población. 
Adicionalmente, el establecimiento del parque regional Arví, ofrecerá a la población local 
nuevas alternativas económicas diferentes a las extractivas, las cuales han 
fundamentado la economía local desde tiempos prehispánicos. En conclusión, debido a 
que los impactos humanos sobre la riqueza de especies consisten principalmente e 
actividades ilícitas y están relacionadas con los bajos ingresos de la población local, se 
hace imperativo que cualquier iniciativa enfocada a la conservación de esta área tome en 
consideración la dimensión económico-social.  
 
 
                                                
1 Departamento Administrativo Nacional de Estadística. (DANE-Colombia).  



































Apéndice 1.  Listado de especies de plantas registradas. La taxonomía empleada se ajusta a la 
definida por el Missouri Botanical Garden (www.tropicos.org). Abreviaturas: AE=Autoridad de la 
especie; NFP =Número de fragmentos en los cuales esta presente la especie.CP= Categoría de 
acuerdo con la sucesión natural del bosque. 
 
Familia Especie Grupo   AE NFP CP 
Actinidiaceae Saurauia ursina  Dicot Triana & Planch., 
1862 
5 Temprana 
Actinidiaceae Saurauia sp. Dicot  1 Temprana 
Anacardiaceae Toxicodendron 
striatum  
Dicot (Ruiz & Pav.) Kuntze, 
1891 
4 Temprana 
Annonaceae Guatteria goudotiana  Dicot Diles., 1931 1 Tardía 
Apocynaceae Rauvolfia leptophylla  Dicot A.S. Rao, 1956 1 Indeterm. 
Aquifoliaceae Ilex caliana  Dicot Cuatrec., 1949 2 Temprana 
Aquifoliaceae 
Ilex danielis 
Dicot Killip & Cuatrec., 
1955 
3 Tardía 
Aquifoliaceae Ilex nervosa  Dicot Triana, 1872 3 Tardía 
Araliaceae Dendropanax 
macrophyllum 
Dicot Cuatrec., 1951 1 Temprana 
Araliaceae Oreopanax acerifolius Dicot (Willd. ex Schult.) 
Seem., 1865 
3 Tardía 
Araliaceae Oreopanax albanensis  Dicot Cuatrec., 1951 6 Tardía 
Araliaceae Oreopanax floribundus Dicot Decne. & Planch., 
1854 
1 Tardía 
Araliaceae  Schefflera 
elachistocephala 
Dicot Harás, 1938 1 Temprana 
Araliaceae  Schefflera multiflora  Dicot Cuatrec, 1945 1 Temprana 
Araliaceae  Schefflera sp1. Dicot  2 Temprana 
Araliaceae  Schefflera sp2. Dicot  1 Temprana 
Araliaceae  Schefflera uribei  Dicot Cuatrec, 1951 7 Temprana 
Asteraceae Baccharis 
brachylaenoides  
Dicot D.C., 1836 2 Temprana 
Asteraceae Baccharis sp Dicot  1 Temprana 
Asteraceae Piptocoma sp. Dicot  1 Tardía 
Asteraceae Schistocarpha sp. Dicot  1 Temprana 
Asteraceae Verbesina arborea Dicot Kunth, 1820 2 Temprana 
Asteraceae Verbesina 
helianthoides  
Dicot Michx., 1803 1 Temprana 
Asteraceae Verbesina sp. Dicot  3 Temprana 
Asteraceae  Vernonia lehmannii  Dicot Hieron, 1894 1 Tardía 
Asteraceae  Vernonia sp. Dicot  1 Tardía 
Boraginaceae Cordia rubescens Dicot J. Estrada, 1995 3 Temprana 
Boraginaceae Cordia sp1. Dicot  1 Temprana 
Boraginaceae Cordia sp2. Dicot  1 Temprana 
Boraginaceae Tournefortia fuliginosa Dicot Kunth, 1818 1 Temprana 
Brunelliaceae Brunellia goudotii Dicot Tul., 1847 1 Temprana 
Brunelliaceae Brunellia subsessilis  Dicot Killip & Cuatrec., 1 Temprana 
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1954 
Brunelliaceae Brunellia trianae Dicot Cuatrec., 1945 1 Temprana 
Caprifoliaceae Viburnum anabaptista  Dicot Graebn., 1906 5 Tardía 
Caprifoliaceae Viburnum cornifolium  Dicot Killip & A.C. Sm., 
1929 
3 Tardía 
Caricaceae Carica sp Dicot  1 Tardía 
Cecropiaceae Cecropia angustifolia  Dicot Trécul., 1847 1 Temprana 
Celastraceae Gymnosporia sp. Dicot  1 Tardía 





Dicot Kunth, 1825 4 Tardía 
Chrysobalanaceae Couepia platycalyx Dicot Cuatrec., 1950 1 Tardía 
Chrysobalanaceae Licania cabrerae  Dicot Prance, 1976 2 Tardía 
Chrysobalanaceae Licania sp. Dicot  1 Tardía 
Clethraceae Clethra fagifolia Dicot Kunth, 1918 7 Temprana 
Clethraceae Clethra revoluta Dicot Ruiz & Pav., 1925 2 Temprana 
Clethraceae Clethra sp. Dicot  1 Temprana 
Clusiaceae Chrysochlamys 
colombiana  
Dicot Cuatrec., 1950 5 Tardía 
Clusiaceae Clusia alata Dicot Planch. & Triana, 
1860 
8 Tardía 
Clusiaceae Clusia cuneifolia  Dicot Cuatrec., 1950 1 Tardía 
Clusiaceae Clusia discolor  Dicot Cuatrec., 1950 4 Tardía 
Clusiaceae Clusia ducuoides  Dicot Engl., 1923 3 Tardía 
Clusiaceae Clusia multiflora  Dicot Kunth, 1821 1 Tardía 
Clusiaceae Clusia sp. Dicot  1 Tardía 
Clusiaceae 
Vismia baccifera 
Dicot (L.), Triana & Planch., 
1862 
2 Temprana 
Clusiaceae Vismia guianensis  Dicot (Aubl.) Pers., 1807 6 Temprana 
Cunoniaceae Weinmannia 
balbisiana 
Dicot Kunth, 1823 7 Temprana 
Cunoniaceae Weinmannia 
pubescens  
Dicot Kunth, 1823 5 Temprana 
Cunoniaceae Weinmannia 
tomentosa 
Dicot L. f., 1781 2 Temprana 
Cyatheaceae Cyathea caracasana Helecho Domin., 1929 6 Temprana 
Cyatheaceae 
Cyathea fulva 
Helecho M. Martens & 
Galeotti, 1857 
1 Temprana 
Elaeocarpaceae Sloanea sp Dicot  1 Tardía 
Ericaceae Befaria aestuans Dicot L., 1771 4 Temprana 
Ericaceae Befaria sp. Dicot  1 Temprana 





Dicot Britton, 1893 2 Temprana 
Ericaceae Cavendishia sp. Dicot  2 Temprana 
Apéndice 
 95 
Ericaceae Macleania sp. Dicot Hook, 1837 1 Temprana 
Ericaceae Psammisia sp. Dicot  2 Temprana 
Ericaceae Vaccinium meridionale  Dicot Sw, 1788 4 Temprana 
Ericaceae  Satyria arborea Dicot A.C. Sm., 1943 3 Temprana 
Ericaceae  Satyria breviflora  Dicot Hoerold, 1909 1 Temprana 
Euphorbiaceae Alchornea acutifolia  Dicot Müll. Arg., 1865 5 Temprana 
Euphorbiaceae Alchornea glandulosa Dicot Poepp., 1841 1 Temprana 
Euphorbiaceae Alchornea grandiflora Dicot Müll. Arg., 1865 4 Temprana 
Euphorbiaceae Alchornea sp. 1 Dicot  1 Temprana 
Euphorbiaceae Alchornea sp. 2 Dicot  1 Temprana 
Euphorbiaceae Croton aristophlebius  Dicot Croizat., 1943 1 Temprana 
Euphorbiaceae Croton funckianus  Dicot Müll. Arg., 1866 1 Temprana 
Euphorbiaceae Croton magdalenensis  Dicot Müll. Arg., 1864 1 Temprana 
Euphorbiaceae Hieronyma 
antioquensis. 
Dicot Cuatrec., 1951 2 Tardía 
Euphorbiaceae Phyllanthus 
popayanensis 
Dicot Pax, 1899 1 
Temprana 
Euphorbiaceae Sapium stylare Dicot Müll. Arg., 1863 1 Temprana 
Fabaceae Inga archeri Dicot Britton & Killip., 1936 1 Tardía 
Fabaceae Inga sierrae Dicot Archer, 1366 3 Tardía 
Fabaceae Inga sp. Dicot  1 Tardía 
Fabaceae Ormosia antioquensis  Dicot Rudd., 1965 1 Tardía 
Fabaceae Pithecellobium killipii Dicot Britton & Rose ex 
Britton & Killip., 1986 
1 Temprana 
Fabaceae Pithecellobium sp.  Dicot  1 Temprana 
Fagaceae Quercus humboldtii  Dicot Bonpl, 1809 5 Tardía 
Flacourtiaceae Casearia 
mariquitensis  
Dicot Kunth, 1821 1 Temprana 
Flacourtiaceae 
Xylosma benthamii  





Dicot (Kunth) Gilg., 1895 3 Temprana 
Hippocastanaceae Putzeysia rosea  Dicot Planch. & Linden, 
1862 
1 Tardía 
Hippocrateaceae Salacia sp. Dicot  1 Tardía 
Juglandaceae 
Alfaroa colombiana 
Dicot Lozano, Hern. Cam. 
& Espinal, 1981 
2 Temprana 
Lacistemataceae Lozania mutisiana  Dicot Schult., 1824 4 Temprana 
Lamiaceae Lepechinia bullata  Dicot (Kunth) Epling, 1935 1 Temprana 
Lauraceae Aiouea dubia  Dicot Humb & Bonp, sin 
fecha 
2 Tardía 
Lauraceae Aiouea sp. Dicot  1 Tardía 
Lauraceae Aniba coto  Dicot (Rusby) Kosterm. ex 
J.F. Macbr., 1938 
1 Tardía 
Lauraceae Beilschmiedia pendula  Dicot Hemsl., 1882 1 Tardía 




Lauraceae Nectandra laurel  Dicot Klotzsch ex Nees, 
1848 
5 Temprana 
Lauraceae Nectandra sp. Dicot  1 Temprana 
Lauraceae Ocotea Insularis Dicot (Meisn.) Mez., 1889 1 Temprana 
Lauraceae Ocotea minarum  Dicot (Nees & C. Mart.) 
Mez., 1889 
2 Temprana 
Lauraceae Ocotea smithiana  Dicot O. Schmidt, 1933 2 Temprana 
Lauraceae Ocotea sp 1 Dicot  5 Temprana 
Lauraceae Ocotea sp 2 Dicot  2 Temprana 
Lauraceae Persea chrysophylla  Dicot L.E. Kopp, 1966 5 Temprana 
Lauraceae Persea subcordata  Dicot (Ruiz & Pav.) Nees, 
1848 
1 Temprana 
Lauraceae Persea sp 1 Dicot  1 Temprana 
Lauraceae Persea sp 2 Dicot  1 Temprana 
Lauraceae Persea sp 3 Dicot  1 Temprana 
Lauraceae Pleurothyrium sp.  Dicot  3 Indeterm. 
Lauraceae Rhodostemonodaphne 
laxa 





Dicot  4 Temprana 
Lecythidaceae Eschweilera 
antioquensis 
Dicot Dugand & Daniel, 
1938 
4 Tardía 
Loganiaceae Strychnos sp.  Dicot  1 Indeterm. 
Lophosoriaceae Lophosoria 
quadripinnata  
Helecho (J.F. Gmel.) C. Chr. 1 Temprana 
Loranthaceae Gaiadendron 
punctatum  





Dicot Triana & Planch, 
1862 
1 Temprana 
Melastomataceae Axinaea macrophylla Dicot Triana, 1871 2 Temprana 
Melastomataceae Blakea quadrangularis  Dicot Gleason, 1925 3 Tardía 
Melastomataceae Blakea sp. Dicot  1 Tardía 
Melastomataceae Clidemia sp. Dicot  1 Temprana 
Melastomataceae Leandra sp. Dicot  2 Temprana 
Melastomataceae Meriania antioquensis Dicot L. Uribe, 1969 3 Tardía 
Melastomataceae Meriania nobilis Dicot Triana, 1872 3 Tardía 
Melastomataceae Miconia caudata Dicot Bonpland, 1828 1 Temprana 
Melastomataceae Miconia dolichopoda Dicot Naudin, 1850 1 Temprana 
Melastomataceae Miconia lehmanii  Dicot Cogn, 1886 2 Temprana 
Melastomataceae Miconia orescia Dicot L. Uribe, 1966 3 Temprana 
Melastomataceae Miconia resima Dicot Naudin, 1850 2 Temprana 
Melastomataceae Miconia theaezans  Dicot Cogn., 1888 2 Temprana 
Melastomataceae Miconia tinifolia Dicot Naudin, 1850 3 Temprana 
Melastomataceae Miconia tonduzii Dicot Cogn., 1891 1 Temprana 
Melastomataceae Miconia sp. Dicot  3 Temprana 
Melastomataceae Tibouchina lepidota Dicot (Bonpl.) Baill., 1871 6 Temprana 
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Meliaceae Cedrela montana  Dicot Moritz ex Turcz., 
1858 
1 Tardía 
Meliaceae Guarea kunthiana Dicot A. Juss., 1830 1 Tardía 
Meliaceae  Ruagea glabra  Dicot Triana & Planch., 
1872 
3 Tardía 
Meliaceae  Ruagea pubescens  Dicot H. Karst., 1863 2 Tardía 
Monimiaceae Mollinedia tomentosa  Dicot (Benth.) Tul., 1855 1 Temprana 




Siparuna conica  
Dicot Renner & Hausner, 
1996 
1 Tardía 
Monimiaceae Siparuna echinata Dicot Kunth, 1868 1 Tardía 
Monimiaceae Siparuna gesnerioides Dicot Kunth, 1868 1 Tardía 
Monimiaceae Siparuna lepidota Dicot Kunth, 1868 1 Tardía 
Monimiaceae Siparuna sp Dicot  1 Tardía 
Moraceae Morus insignis  Dicot Bureau, 1873 1 Tardía 
Myricaceae Myrica pubescens  Dicot Humb. & Bonpl., 1806 1 Temprana 
Myrsinaceae Ardisia sp. Dicot  1 Tardía 
Myrsinaceae Cybianthus sp. Dicot  2 Tardía 
Myrsinaceae Geissanthus sp. Dicot  2 Temprana 
Myrsinaceae Myrsine coriacea  Dicot Roem. & Schult., 
1819 
6 Temprana 
Myrsinaceae Myrsine latifolia Dicot (Ruiz & Pav.) 
Spreng., 1825 
2 Temprana 
Myrsinaceae Myrsine sp. Dicot  1 Temprana 
Myrsinaceae Stylogyne sp. Dicot  1 Indeterm. 
Myrtaceae Eugenia sp. Dicot  1 Tardía 
Myrtaceae Myrcia popayanensis  Dicot Hieron, 1895 6 Temprana 
Myrtaceae Myrcia splendens Dicot (Sw.) DC. 1828 1 Temprana 
Myrtaceae Myrcia sp 1 Dicot  3 Temprana 
Myrtaceae Myrcia sp 2  Dicot  1 Temprana 
Myrtaceae Myrcia sp 3 Dicot  1 Temprana 
Myrtaceae Myrcianthes 
orthostemon  
Dicot (O. Berg) Grifo, 1993 1 Tardía 
Myrtaceae Myrcianthes sp1  Dicot  2 Tardía 
Myrtaceae Myrcianthes sp2  Dicot  3 Tardía 
Myrtaceae Psidium sp. Dicot  2 Temprana 
Piperaceae Piper cabellense  Dicot C. DC., 1869 7 Tardía 
Piperaceae Piper calceolarium  Dicot C. DC., 1866 1 Tardía 
Piperaceae Piper daniel-gonzalezii Dicot Trel., 1940 1 Tardía 
Piperaceae Piper sp Dicot  1 Tardía 
Poaceae Chusquea sp. Monocot  1 Temprana 
Poaceae Pennisetum sp Dicot  1 Indeterm. 
Polygalaceae Monnina sp. Dicot  2 Temprana 
Polygalaceae Securidaca sp. Dicot  1 Indeterm. 
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Proteaceae Euplassa duquei  Dicot Killip & Cuatrec., 
1950 
2 Tardía 
Proteaceae Panopsis metcalfii  Dicot Killip & Cuatrec., 
1942 
3 Temprana 
Proteaceae Panopsis sp. Dicot  1 Temprana 
Proteaceae Panopsis yolombo Dicot Pos.-Arang., 1871 6 Temprana 
Proteaceae Roupala obovata  Dicot Kunth, 1817 4 Temprana 
Proteaceae Roupala sp. Dicot  3 Temprana 
Rhamnaceae Rhamnus goudotiana  Dicot Triana & Planch, 
1872 
6 Tardía 
Rhamnaceae Rhamnus pubescens  Dicot (Ruiz & Pav.) Triana 
& Planch. 1872 
6 Tardía 
Rosaceae Prunus integrifolia  Dicot (C. Presl) Walp., 
1852 
4 Tardía 
Rubiaceae Cinchona pubescens Dicot Vahl., 1790 3 Temprana 
Rubiaceae Faramea flavicans Dicot Standl., 1930 1 Indeterm. 
Rubiaceae Faramea oblongifolia   Dicot Standl., 1930 1 Indeterm. 
Rubiaceae Ladenbergia 
macrocarpa 
Dicot (Vahl) Klotzsch,, 1846 3 Temprana 
Rubiaceae Palicourea angustifolia  Dicot Kunth, 1818 2 Temprana 
Rubiaceae Palicourea apicata  Dicot Kunth, 1818 2 Temprana 
Rubiaceae Palicourea cogolloi  Dicot C.M. Taylor, 2000 1 Temprana 
Rubiaceae Palicourea garciae  Dicot Standl, 1940 2 Temprana 
Rubiaceae Palicourea 
heterochroma  
Dicot K. Schum. & K. 
Krause, 1908 
1 Temprana 
Rubiaceae Palicourea lyristipula Dicot Wernham, 1917 1 Temprana 
Rubiaceae Palicourea 
perquadrangularis   
Dicot Wernham, 1917 1 Temprana 
Rubiaceae Palicourea thyrsiflora  Dicot Ruiz & Pav., 1830 1 Tardía 
Rubiaceae Palicourea zarucchii  Dicot Taylor, 1997 1 Tardía 
Rubiaceae Palicourea sp. Dicot  2 Temprana 
Rubiaceae Posoqueria coriacea  Dicot M. Martens & 
Galeotti, 1844 
3 Tardía 
Rubiaceae Psychotria parvifolia  Dicot Benth, 1853 2 Tardía 
Rubiaceae Psychotria sp. Dicot  2 Tardía 
Rutaceae Zanthoxylum 
rhoifolium 
Dicot Lam, 1786 1 Temprana 
Rutaceae Zanthoxylum 
tachirense  
Dicot Steyerm, 1952 3 Temprana 
Rutaceae Zanthoxylum sp. Dicot  1 Temprana 
Sabiaceae Meliosma 
antioquensis 
Dicot X. Cornejo, 2008 1 Tardía 
Sapindaceae Allophylus mollis  Dicot (Kunth) Radlk., 1890 2 Tardía 
Sapindaceae Matayba sp Dicot  1 Indeterm. 
Saxifragaceae Escallonia paniculata Dicot (Ruiz & Pav.) Roem. 
& Schult., 1819 
5 Temprana 
Saxifragaceae Hydrangea oerstedii  Dicot Briq., 1919 1 Temprana 
Saxifragaceae Hydrangea sp. Dicot  2 Temprana 
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Solanaceae Brugmansia candida Dicot Pers., 1805 1 Temprana 
Solanaceae Capsicum 
lycianthoides 
Dicot Bitter, 1921 1 Temprana 
Solanaceae Solanum sp. Dicot  1 Temprana 
Solanaceae Witheringia riparia  Dicot Kunth, 1818 1 Tardía 





Dicot Sleumer, 1936 1 Temprana 
Styracaceae Styrax sp.  Dicot  1 Temprana 
Symplocaceae  Symplocos 
flosfragrans  
Dicot Chaparro, 1976 2 Tardía 
Symplocaceae  Symplocos serrulata  Dicot Bonpl., 1808 3 Tardía 
Symplocaceae  Symplocos theiformis Dicot (L. f.) Oken, 1841 1 Tardía 
Symplocaceae  Symplocos sp. Dicot  2 Tardía 
Theaceae 
Gordonia fruticosa 




Theaceae  Ternstroemia 
meridionalis  
Dicot Mutis ex L. f. 2 Temprana 
Theaceae  Ternstroemia sp. Dicot  1 Temprana 
Thymelaeaceae Daphnopsis 
caracasana 
Dicot Meisn., 1857 2 Tardía 
Ulmaceae Trema micrantha  Dicot (L.) Blume, 1856 1 Temprana 
Urticaceae Boehmeria caudata Dicot Bonpl, 1914 1 Temprana 
Verbenaceae Aegiphila 
novogranatensis 
Dicot Moldenke, 1933 2 Tardía 
Verbenaceae Lippia schlimii Dicot Turcz., 1863 2 Temprana 
























Apéndice 2. Especies de aves registradas al interior de los fragmentos de bosque durante la fase 
de campo de esta tesis doctoral. Abreviaturas: AE=Autoridad de la especie; GTC=Gremios trófico 
conductuales; CP= Categoría de amenaza de acuerdo con la UICN; NFP =Número de fragmentos 
en los cuales esta presente la especie; EP= Estructura de la riqueza (comunes y raras ). 
 
Familia Especie AE GTC CP NFP EP 
Catamblyrhynchidae Catamblyrhynchus 
diadema 
Lafresnaye, 1842 Ia LC 1 Raras 
Coerebidae Diglossa albilatera Lafresnaye, 1843 Ni LC 14 Comunes 
Coerebidae Diglossa cyanea Lafresnaye, 1840 Fa LC 14 Comunes 
Columbidae Patagioenas 
(Columba) fasciata 




Lawrence, 1868 Fa LC 2 Raras 
Columbidae Leptotila verreauxi Bonaparte, 1855 Gt LC 2 Raras 
Columbidae Geotrygon linearis Prévost, 1843 Gt LC 1 Raras 
Corvidae Cyanocorax yncas Boddaert, 1783 Oa LC 9 Comunes 
Cotingidae Pipreola riefferii Boissonneau, 1840 Fa LC 1 Raras 
Cracidae Ortalis motmot Linnaeus, 1766 Oa LC 7 Raras 
Cracidae Chamaepetes 
goudotii 
Lesson, 1828 Fa LC 6 Raras 
Cuculidae Piaya cayana Linnaeus, 1766 Ia LC 14 Comunes 
Dendrocolaptidae Lepidocolaptes affinis Lafresnaye, 1839 It LC 14 Comunes 
Emberizidae Atlapetes albinucha Lafresnaye & 
D'Orbigny, 1838 
Is  4 Raras 
Emberizidae Atlapetes rufinucha Lafresnaye & 
D'Orbigny, 1837 
Ia LC 14 Comunes 
Emberizidae Arremon 
brunneinucha 
Lafresnaye, 1839 Is LC 10 Comunes 
Formicariidae Thamnophilus 
unicolor 
Sclater, 1859 Ia LC 3 Raras 
Formicariidae Grallaria ruficapilla Lafresnaye, 1842 Is LC 14 Comunes 
Fringillidae Carduelis (Spinus) 
xanthogastra 
Du Bus de Gisignies, 
1855 
Oa LC 1 Raras 
Furnariidae Synallaxis azarae d'Orbigny, 1835 Is LC 14 Comunes 
Furnariidae Synallaxis unirufa Lafresnaye, 1843 Is LC 5 Raras 
Furnariidae Premnoplex 
brunnescens 
Sclater, 1856 Ia LC 2 Raras 
Furnariidae Thripadectes 
holostictus 
Sclater & Salvin, 
1876 
Is LC 2 Raras 
Icteridae Hypopyrrhus 
pyrohypogaster 
De Tarragon, 1847 Oa EN 14 Comunes 
Momotidae Momotus momota Linnaeus, 1766 Ia LC 14 Comunes 
Parulidae Myioborus miniatus Swainson, 1827 Ia LC 14 Comunes 
Parulidae Myioborus ornatus Boissonneau, 1840 Ia LC 4 Raras 
Parulidae Basileuterus 
coronatus 
Tschudi, 1844 Is LC 14 Comunes 






Swainson, 1827 It LC 4 Raras 
Picidae Picoides fumigatus D'Orbigny, 1840 It LC 1 Raras 
Picidae Colaptes (Piculus) 
rubiginosus 
Swainson, 1820 It LC 14 Comunes 
Ramphastidae Aulacorhynchus 
prasinus 
Gould, 1834 Fa LC 14 Comunes 
Rhinocryptidae Scytalopus unicolor Salvin, 1895 Is LC 10 Comunes 
Thraupidae Tangara vassorii Boissonneau, 1840 Fa LC 14 Comunes 





Fa LC 11 Comunes 
Thraupidae Chlorospingus 
ophthalmicus 
Du Bus de Gisignies, 
1847 
Oa LC 9 Comunes 
Thraupidae Anisognathus 
flavinucha 
Lesson, 1831 Oa LC 5 Raras 
Thraupidae Hemispingus frontalis Tschudi, 1844 Ia LC 8 Comunes 
Trochilidae Acestrura mulsant Bourcier, 1842 Ni LC 2 Raras 
Trochilidae Chlorostilbon 
mellisugus 
Linnaeus, 1758 Ni LC 6 Raras 
Trochilidae Coeligena coeligena Lesson, 1833 Ni LC 14 Comunes 
Trochilidae Coeligena torquata Boissonneau, 1840 Ni LC 4 Raras 
Trochilidae Colibri coruscans Gould, 1846 Ni LC 9 Comunes 
Trochilidae Colibri thalassinus Swainson, 1827 Ni LC 14 Comunes 
Trochilidae Metallura tyrianthina Loddiges, 1832 Ni LC 5 Raras 
Trochilidae Haplophaedia 
aureliae 
Bourcier & Mulsant, 
1846 
Ni LC 14 Comunes 
Trochilidae Adelomyia 
melanogenys 
Fraser, 1840 Ni LC 2 Raras 
Trochilidae Ocreatus underwoodii Lesson, 1832 Ni LC 6 Raras 
Trochilidae Doryfera ludoviciae Bourcier & Mulsant, 
1847 
Ni LC 6 Raras 
Troglodytidae Henicorhina 
leucophrys 
Tschudi, 1844 Is LC 14 Comunes 
Turdidae Myadestes ralloides D'Orbigny, 1840 Fa LC 12 Comunes 
Turdidae Turdus fuscater Lafresnaye & 
d'Orbigny, 1837 
Oa LC 14 Comunes 
Tyrannidae Ochthoeca 
cinnamomeiventris 
Lafresnaye, 1843 Ia LC 1 Raras 
Tyrannidae Ochthoeca fumicolor Sclater, 1856 Ia LC 1 Raras 
Tyrannidae Mionectes striaticollis D'Orbigny & 
Lafresnaye, 1837 
Fa LC 6 Raras 
Tyrannidae Myiarchus cephalotes Taczanowski, 1879 Ia LC 14 Comunes 
 
 
